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ABSTRACT OF THESIS 
SELENIUM REMOVAL AND POLLUTION SWAPPING POTENTIALS OF PASSIVE ANAEROBIC 
BIOREACTORS RECEIVING COAL SLURRY IMPOUNDMENT WASTES  
Worldwide, selenium is a major contaminant of concern for coal and metal ore mining industries. 
In coal mining regions of the eastern USA, for example, billions of liters of wastewaters with 
elevated Se oxyanion concentrations (primarily SeO42- and SeO32-) are generated during coal 
washing which is often stored in >700 man-made impoundments built into remote mountain 
valleys. Because impoundments are unlined systems, they tend to leak contents into nearby 
streams, which has detrimental effects on sensitive biota, particularly fish.  The primary goal of 
this project was to evaluate the capacity of passive anaerobic bioreactors (PAB) to remove Se 
from coal slurry leachate, while at the same time not contributing other pollutants (e.g. nutrients, 
trace elements, greenhouse gases) that could have detrimental effects on water or air quality 
(“pollution swapping”).  Generally, PAB are trenches filled with organic substrates (e.g. wood 
Chips) which support the growth of microorganisms that can improve water quality as wastes 
move through the system.  Over the last 20 years, PAB systems have been employed to remove 
nitrate from agricultural drainage by denitrification, but PAB has not been extensively evaluated 
for SeO42- reduction to insoluble Se(0), and accompanying biogeochemical processes which might 
contribute unwanted pollutants in PAB effluents. The project's central hypothesis was Se removal 
rates and efficiency, and pollution swapping will be significantly related to the type and chemical 
composition of organic substrates and maturity of PAB systems. Selenate removal and pollution 
swapping were evaluated in PAB filled with biofuel plant substrates (either Hardwood Chips, 
Switchgrass, Miscanthus, and Timothy Hay) in triplicate laboratory batch reactors fed synthetic 
coal slurry at 32-d retention times over 7 months.  PAB water and headspace gases were sampled 
with time in four different maturation periods to analyze pH, electrical conductivity, redox 
potential, Se and trace elements, nutrients (NH4+, (NO3-+NO2-), PO43-, and SO42-), dissolved organic 
C, and greenhouse gases (CO2, CH4, and N2O). Over different maturation periods, the 
concentrations of 13 pollutants in PAB effluents were compared with respective concentrations 
in pristine Appalachian streams to compute the Canadian Council of Ministers of the Environment 
Water Quality Index (CCME-WQI) which is a measure of overall effluent quality. This study showed 
that selenate concentrations were reduced at significantly different rates and efficiencies 
depending on type of organic substrate and maturation time in PAB.  However, Se concentrations 
did not reach the current EPA target 0.003 mg Se L-1 in any PAB.  Results also showed that there 
were significant differences in several biogeochemical processes (e.g. microbial respiration, 
denitrification, sulfate reduction), nutrient release (e.g. phosphate, dissolved organic carbon), and 
greenhouse gas production (e.g. carbon dioxide and nitrous oxide) depending on type of organic 
substrate and maturation time in PAB systems.  Concentrations of Se and several other chemicals 
in PAB effluents greatly exceeded concentrations in pristine Appalachian streams which resulted 
in low CCME-WQI scores <25 which translated to poor water quality.  Future research is 
recommended to determine factors that restrained Se removal and the maturation time required 
to achieve improved effluent quality in PAB systems. 
KEYWORDS: Organic substrates, Microbial reduction, Bioremediation, Greenhouse gases, Water 
quality index 
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SELENIUM BIOGEOCHEMISTRY, BACKGROUND, AND RESEARCH OBJECTIVES  
1.1 Discovery and fundamental chemical and physical properties of selenium 
 Selenium (Se) was inadvertently discovered in 1817 by a Swedish chemist Jons Jakob 
Berzelius from observations of accumulations of reddish sludge that formed during industrial 
production of sulfuric acid from pyrite in the factory that he partly owned (Trofast, 2011). Initially, 
he suspected the sludge to consist largely of red-colored arsenic sulfide compounds (e.g. realgar), 
which had been used for centuries before as a pigment in fireworks and paints and to kill weeds, 
insects, and rodents (Kieliszek, 2019; Trofast, 2011). Further analysis of the red sludge, however, 
revealed that it contained a new element with chemical characteristics similar to tellurium. He 
named the new element selenium named after Selene, the Greek name for “Moon” because of 
its similarities to tellurium, which was named after Tellus, the Latin name for “Earth” (Boyd, 2011). 
 Selenium belongs to the group VIA in the periodic table, together with oxygen (O), sulfur (S), 
tellurium (Te), and polonium (Po). Members of this group are referred to as chalcogens because 
they tendency to form metal ores (Devillanova and Du Mont, 2013). Selenium has similar physical 
and chemical properties of sulfur which accounts for why it commonly substititutes for sulfur in 
many inorganic (e.g. FeS2) and organic (e.g. methionine) compounds (Cupp-Sutton and Ashby, 
2016) (Table 1.1).  
 Selenium occurs in four oxidation states (-II, 0, IV, and VI) which strongly affects its mobility 
and bioavailability. The most oxidized Se species is selenate (VI) (SeO42-), which is often 
predominant under strongly oxidizing conditions (e.g. atmosphere and surface waters). Under 
slightly reducing conditions, the dominant form is selenite (IV), which is a weak acid that can exist 
as H2SeO3, H2SeO3- or SeO32- depending on solution pH. In soils, selenite tends to be less mobile 
than selenate due to increased sorption by metal oxyhydroxides, clays, and organic matter 
(Fernández-Martínez and Charlet, 2009). Under more reducing conditions, the dominant form is 
elemental Se(0) which can exist as at least 11 allotropes which differ primarily in degrees of 
crystallinity with the most crystalline forms having lowest mobility and bioavailability in the 
environment (Minaev et al., 2005). Under the most reducing conditions,  
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Table 1.1 Selected physical and chemical properties of selenium and sulfur adapted from Cupp-
Sutton and Ashby (2016) and Kieliszek (2019). 
 
  
Properties Selenium Sulfur 
Electron configuration  [Ar]3d104s24p4  [Ne]3s23p4 
   
Atomic number 34 16 
Atomic weight (atomic mass units) 78.96 32.06 
Covalent radius (picometer) 115 100 
Van der Waals radius (picometer) 190 180 






Electron affinity (kJ mol-1) 195 200 
Pauling electronegativity (maximum 4) 2.55 2.58 
pKa (H2X) 3.89 6.88 
pKa2 (HX-) 15 14 




the dominant form is selenide Se(-II), which tends to form metallic selenides with very low 
mobility and bioavailability (Fernández-Martínez and Charlet, 2009).   
1.2 Selenium uses and production 
 Selenium is a critical element for numerous industrial, agricultural, and medical uses. 
According to Bernhardt and Reilly (2019), primary Se uses are metallurgy (e.g. production of 
various alloys and manganese production, 40%), glass decolorization/manufacturing (25%), 
agriculture (e.g. fertilizer additive, dietary supplements for animals and people, 10%), production 
of chemicals and pigments (e.g. ruby red color of glass, plastics, ceramics, gun bluing, 10%), 
electronics (e.g. photovoltaic cells and conductors, 10%), and other uses (e.g. active ingredient in 
dandruff shampoos, rubber vulcanizing agent, 5%).  
 Selenium is often associated with metal ores which accounts for why almost all Se is obtained 
as a by-product of copper, iron and lead mining (80%), and to a lesser extent, from recycling of 
factory scraps, burned-out rectifiers, spent catalysts and used photocopying cylinders (Fishbein, 
1983; Wang et al., 2016). Globally Se production in 2018 was about 2800 metric tons, most of 
which was produced in China (34%), Japan (27%), Germany (11%), Belgium (7%), and Russia (5%), 
and several other countries (<5%) (Bernhardt and Reilly, 2019). Almost all Se used in the US was 
imported from other countries. Although coal typically contains between 0.5 and 12 ppm Se, coal 
fly ash is not currently considered an economical source of Se (Bernhardt and Reilly, 2019). 
1.3 Selenium release to earth surface by volcanic activity and rock weathering 
 Most of the Se in the Earth’s atmosphere and surface crust originated from volcanic 
emissions of numerous volatile and particulate Se species and weathering of Se-bearing igneous 




Figure 1.1 Schematic diagram of selenium biogeochemical cycle, with emphasis on Se release from coal mining/processing and uptake by 






 Se emission rates are estimated at 0.4-1.2 Gg/year (Floor and Román-Ross, 2012; Mosher 
and Duce, 1987) (arrow 1 in Fig. 1.1). The types of Se species in volcanic emissions have rarely 
been determined, but measurements from coal combustion suggest that H2Se, Se(0), SeO2, and 
SeO are primary volatile species and metal selenides are prevalent in particulate matter (Floor et 
al., 2011). Particulate Se concentrations in atmospheric dust ranges between 0.05-10 mg kg-1 
(Fernández-Martínez and Charlet, 2009). 
 Volatile Se species released to the atmosphere are subject to numerous and complex 
chemical transformations (Fig. 1.2). Hydrogen selenide (H2Se) is oxidized to selenium dioxide 
(SeO2) which can react with water to form selenous acid (H2SeO3) that is wet-deposited as rainfall 
to soils (Zhang et al., 2002). Dissolved SeO2 can be also reduced to Se(0) by sulfur dioxide which 
can be wet/dry deposited as rainfall/particulate matter to soil (Floor et al., 2011; Floor and 
Román-Ross, 2012; Yan et al., 2001; Zhang et al., 2002) or oxidized to selenate and selenite by 
sulphoxy radicals (HSO3·, SO3·-) which can be wet deposited as rainfall (Bronikowski et al., 2000; 
Floor et al., 2011; Floor and Román-Ross, 2012). Wet and dry deposition may be the principal 
sources of Se in soils that formed from Se-deficient parent materials (e.g. limestone with 0.03-
0.08 mg kg-1 Se) (Fernández-Martínez and Charlet, 2009).  
 Volcanic activity also introduces a diverse array of Se-bearing minerals to the Earth’s crust 
including from highest to lowest (i) Se-associated with sulfide minerals (e.g. chalcopyrite (Cu-Fe 
sulfides), pentlandite (Fe-Ni-Co sulfides), pyrrhotite (Fe sulfides), galena (Pb sulfide), sphalerite 
(Zn sulfides)), (ii) pure selenide minerals, and (iii) selenite and selenite salts (Sindeeva, 1964) 
(Table 1.2). As mentioned before, occurrence of Se in sulfide-bearing minerals is largely explained 
by similarities in Se and S physical-chemical properties. Indeed, the Se concentration in Earth’s 
crust is so closely tied with sulfide minerals that the currently accepted average Se concentration 
in the Earth’s crust is 0.05 mg kg-1 which was determined from the average crustal S concentration 









Figure 1.2 Schematic of atmospheric transformations of Se species.  Volcanic emission of volatile 
reduced Se species (1), oxidation of reduced species to SeO2 and wet deposition in rainfall (2 and 
3), reduction of SeO2 to Se(0) and dry deposition of particulate SeO2 (4 and 5), oxidation of Se(0) 







Table 1.2 Common selenium minerals and concentrations in hydrothermal, magmatic, and 
volcanic deposits around the world summarized from Stillings (2017). 
 
  




Hydrothermal Armenia, Spain, Russia, 
USA, Mexico, Indonesia, 
Germany, Bolivia, 
Congo, Canada 
pyrite, chalcopyrite, molybdenite, 
bromide, galena, sphalerite, 
onofrite, selenide, arsenopyrite, 
bismuthinite, Jamesonite, 
clausthalite, pyrrhotite 
0.0008 – 0.33 
Magmatic Russia, Canada pyrite, chalcopyrite, magnetite, 
millerite, bornite, pyrrhotite, 
pentlandite 
0.001-0.007 
Volcanic USA, Russia, Italy, New 
Zealand 








 Selenium concentrations in igneous rocks are often lower than Se-bearing minerals due to 
dilution with other constituents in the rocks (Si, Fe, Al, etc) , however, Se concentrations in rocks 
can still be considerable, ranging from 0.1 to 0.4 mg kg-1 Se(Table 1.3). Variations in Se 
concentrations in igneous rocks are largely explained by differences in temperature conditions 
under which they were formed (Malisa, 2001). For example, rocks that formed from rapidly 
cooling magma (i.e. extrusive igneous rocks) tend to have higher Se concentrations than rocks 
formed from more slowly cooled magma deeper in the Earth’s crust (i.e. intrusive igneous rocks) 
due to less Se volatilization and more Se incorporation into crystalline structures in rapidly cooling 
magma.  
 Se-bearing igneous minerals and rocks on the Earths surface can be buried by sediments and 
undergo other geological processes that increase temperate (>200°C) and pressure (>300 MPa) 
which can lead to the formation of Se-bearing metamorphic rocks such as amphibolite, gneiss, 
and granite, in a process called metamorphism.  Se concentrations in metamorphic rocks are in 
the same range as igneous rocks and are affected by Se concentration in the igneous 
rocks/minerals and the temperatures and pressures under which they were transformed to 
metamorphic rocks (Table 1.4) (Dhillon and Dhillon, 2019; Koljonen, 1974). Metamorphism is a 
key process that returns Se in surface rocks/minerals to magmatic materials located deep in the 
Earth’s interior.  
 As shown in Tables 1.2-1.4, many types of minerals and rocks have elevated Se 
concentrations which can release Se to solution when they are exposed to weathering processes 
at the Earth’s surface (arrow 2 in Fig. 1.1). The first stage of rock weathering generally involves 
physical breakdown into smaller particle sizes by wind and water. Physical weathering has 
minimal effects on the chemical composition of the crystalline structures, but greatly increases 
the surface area and rates of chemical weathering that can release constituent elements to 
solution. Once released, dissolved species can be taken up and transformed by biota (described 






Table 1.3  Selenium concentrations of different igneous rocks. 
 
Type of igneous rock Selenium concentration  
(mg kg-1) 
Reference 




Ultrabasic rocks 0.155 
 
(Malisa, 2001) 









 Table 1.4 Selenium concentrations of different metamorphic rocks. 
 
  





(Dhillon and Dhillon, 2003) 
Gneisses 0.02-0.35 
 
(Dhillon and Dhillon, 2003) 








by many factors, including mineralogy, degree of crystallinity, surface area, temperature, 
microbial activity, water, and redox and pH conditions (Berghorn and Hunzeker, 2001; Neculita et 
al., 2007). 
 Chemical weathering of Se-substituted metal sulfide minerals are likely to be similar to what 
occurs during pyrite (FeS2) weathering which has been studied extensively for several decades 
because of its influence on acid mine drainage. First, when pyrite is exposed to oxygen (O2) and 
water (H2O) it readily oxidizes to ferrous iron (Fe2+) and sulfate (SO42-) as shown in reaction 1.1:  
2 FeS2 + 7 O2 + 2 H2O ↔ 2 Fe2+ + 4 SO42- + 4 H+     reaction 1.1 
Next, Fe2+ is oxidized to ferric iron (Fe3+) according to reaction 1.2: 
 4 Fe2+ + O2 + 4 H+ ↔ 4 Fe3+ + 2 H2O     reaction 1.2 
 Abiotically, reaction 1.2 proceeds slowly at pH <4 but can be greatly accelerated by iron-
oxidizing acidophiles, such as those in the genera Ferrovum and Acidithiobacillus (Jones et al., 
2015). Iron oxidizing activities of these bacterial groups are key because they produce Fe3+ which 
oxidizes additional FeS2 and generates Fe2+ as shown in reaction 1.3 which then perpetrates 
reaction 1.2:  
FeS2 + 14 Fe3+ + 8 H2O ↔ 15 Fe2+ + 2 SO42- + 16 H+    reaction 1.3 
 As evident in reactions 1.1 and 1.3, sulfate is chemically released from pyrite weathering. By 
similar reactions, selenate would expect to be released from weathering of closely related Se-
substituted metal sulfide minerals such as those listed in Table 1.2. 
 As hinted in reactions 1.1-1.3, climate (i.e. precipitation and temperature) plays an important 
role in Se release to soils from mineral/rock weathering, with highest release in tropical areas that 
also contain volcanic-derived parent materials (e.g. Hawaii) (Malisa, 2001; Singh et al., 1981). 
Under these conditions, weathering can produce soils with elevated Se concentrations (>0.5 mg 
Se kg-1), which are referred to as seleniferous soils (Dhillon and Dhillon, 2003). In regions with low 






example, Se concentrations in soils located in Baltic shield of northern Europe have low Se 
concentration because they are derived from weather-resistant granite and gneiss metamorphic 
rock (Malisa, 2001).  
 Selenium concentrations in soils typically range between 0.01-2 mg kg-1, with concentrations 
<0.125 mg Se kg-1 considered Se deficient and concentrations >3 mg Se kg-1 deemed toxic to 
plants/animals (Dhillon and Dhillon, 2019; Tan, 1989). Inorganic-Se species released from rocks 
are then subject to biotic uptake, transformation, and accumulation (described later).  
1.4 Selenium uptake and transformations by biota  
 
1.4.1 Plant uptake and transformations of selenium 
 Volcanic emissions, rock/mineral weathering and rainfall can contribute various Se species 
to soil solution which can be taken up by plant roots and transported, transformed, and 
accumulate as other Se species in the plant. Se uptake depends on many factors, including Se 
species and chemical conditions of soil (e.g. salinity and soil pH) as well as membrane 
transporters, translocation mechanisms, developmental stage of the plant (Gupta and Gupta, 
2017; Li et al., 2008).  
 As shown in the Pourbaix diagram for Se (Fig. 1.3), pH and redox conditions can influence the 
dominant Se species which can affect Se uptake by biota.  Under oxidizing conditions (Eh > 300 
mV), selenate and selenite predominate(Cutter and Cutter, 2001; Wen and Carignan, 2007).  The 
different Se species are taken up by different transporters in plant root cell membranes, in which 
selenate is taken up mainly by sulfate transporters and selenite is taken up mainly by phosphate 
transporters (Feist and Parker, 2001; Gupta and Gupta, 2017; Li et al., 2008) (Fig. 1.4). Importantly, 
high concentrations of competing sulfate and phosphate would be expected to decrease selenate 









Figure 1.3  Poubaix diagram for selenium, with box outline that shows dominant Se species in the 







Figure 1.4  Schematic overview of Se uptake and metabolism in plants, adapted from Pilon-smith 
and Quinn (2010). Selenate and selenite enter plant root cells via sulfate and phosphate 
transporters, respectively (A), which can be transported to other parts of plant through xylem 
vascular tissue and transformed to other organic-Se species in plastids via sulfur assimilation 
pathways (B) which incorporate Se into amino acids, proteins, or volatilized as DMSe or DMDSe. 
(1) ATP sulfurylaSe(APS); (2) APS reductaSe(APR); (3) sulfite reductase; (4) cysteine synthase; (5) 
selenocysteine methyltransferase; (6) selenocysteine lyase; (7) cystathionine-ɣ-synthetase;(8) 
cystathionine-ß-synthetase; (9) methionine synthase; (10) methionine methyltransferase; (11) 






 Once selenate or selenite are taken up by root cells, they can be translocated to other parts 
of the plant by transpiration through xylem vascular tissue (Gupta and Gupta, 2017; Renkema et 
al., 2012) (Fig. 1.4). Selenate tends to be more mobile than selenite in the plant but both species 
tend to accumulate in parenchyma cell vacuoles of younger plant tissues/organs.  In plastids, 
selenate and selenite are transformed to selenocysteine (SeCys) and selenomethionine (SeMeth) 
and selenoproteins through a multistep sulfur assimilation pathway (Gupta and Gupta, 2017; 
Pilon-Smits and Quinn, 2010).  Once produced, various organic Se can be transported to cytosol 
and converted to volatile Se compounds, such as dimethyl selenide. 
 As shown in Fig. 1.4, selenate in plastids is first converted to adenosine phosphoselenate 
(ApSe) by an ATP sulfurylaSe(APS), which is then reduced to selenite by APS reductaSe(APR) which 
is further reduced to selenide by sulfite reductase or glutathione, which is converted to SeCys by 
coupling with O-acetyl serine (OAS) by cysteine synthase (Pilon-Smits and Quinn, 2010). The fate 
of SeCys depends on plant species and environmental conditions. For example, SeCys can be 
methylated to methyl-SeCys (Me-SeCys) by selenocysteine methyltransferase and then volatilized 
as dimethyl diselenium (DMDSe) or be converted to Se(0) by selenocysteine lyase. Or, SeCys may 
be converted into Se-cystathionine by cystathionine-ɣ-synthetase, and then to Se-homocysteine 
by cystathionine-ß-synthetase. Once Se-homocysteine enters cell cytoplasm, it may form SeMeth 
and be converted to dimethyl selenium (DMSe) after consecutive catalysis by methionine 
synthase, methionine methyltransferase, and dimethylsulfoniopropionate (DMSP) lyase. On the 
other hand, SeCys in the cytosol can be incorporated into Se-proteins or γ-Glu-SeCys (Pilon-Smits 
and Quinn, 2010).  
 Differences in Se uptake and transformation processes described above largely explains why 
Se concentrations are highly variable in plants. For example, hyperaccumulators (e.g. hoary-aster, 
Dieteria canescens) can accumulate >1000 mg Se kg-1 (dry weight basis), whereas secondary 
accumulators (e.g. western wheatgrass, Pascopyrum smithii) can accumulate 100-1000 mg Se kg-
1 (dry weight basis) without showing any adverse toxicity effects (Gupta and Gupta, 2017). 
Selenium accumulation in plants can be protective against Se-sensitive herbivores and pathogens, 






upon plant death, microbial decomposition of plant tissues can release Se to soil solution where 
it can potentially alter soil microbial community, or be sequestered as inorganic or organic-Se 
compounds depending on environmental conditions (Pilon-Smits, 2019).  
1.4.2 Bacterial uptake and transformations of selenium 
  Bacterial transformations play key roles in governing the fate of Se in aquatic and terrestrial 
environments. Bacteria decompose plant biomass which can release Se to soil solution where it 
can undergo oxidation and reduction processes depending on environmental conditions. For 
example, under aerobic conditions, diverse types of bacteria can oxidize reduced selenium species 
to selenate and selenite while under under anaerobic conditions bacteria can reduce selenate and 
selenite into insoluble Se(0), selenide, and volatile methylated compounds (e.g. DMSe). Under 
both conditions, bacteria can assimilate selenium into seleno-amino acids and proteins which is 
of great concern due to their tendency to accumulate and exhibit toxicological effects at higher 
trophic levels (e.g. bacteria→algae→invertebrates→fish). In this section, bacterial Se 
transformations will be reviewed, starting with bacterial uptake of selenate and selenite uptake 
from the environment.  
 Bacteria can take up selenate from the outside environment by diffusion, whereas selenite 
can be actively transported by an outer-membrane ExTL protein in at least one type of Gram-
negative bacteria (Geobacter sulfurreducens) (Jahan et al., 2019; Nancharaiah and Lens, 2015) 
(Arrow in 1 Fig. 1.5 and Fig. 1.6). Once in the cell, selenate and selenite are subject to various 
transformations that depend on type of bacteria and environmental conditions.  
 Under anaerobic conditions, diverse bacterial taxa have been isolated from sediments and 
other samples which can reduce selenate to selenite and more reduced Se species,  including 
many Gram-positive bacteria (e.g. Clostridium, Bacilllus, Staphylococcus) and Gram-negative 
bacteria (e.g. Dechloromonas, Desulfurispirillum, Desulfovibrio, Enterobacter, Geobacter, 
Pseudomonas, Halomonas, Klebsiella, Shewanella, Sulfurospirillum, Thauera, Wolinella) (Doran, 
1982; Steinbergy and Oremland, 1990; Stolz and Oremland, 1999; Siddique et al., 2006; 2007; 







Figure 1.5  Schematic diagram of selenate and selenite uptake and reduction by a Gram-negative 
bacteria, adapted from Aguilar-Barjas et al (2011) and Nancharaiah and Lens (2015a). Selenate 
can diffuse across the cell wall into periplasm (1) where it can be is either enzymatically reduced 
to Se(0) and Se-nanospheres (2) or transported into the cytoplasm by sulfate transporters (5). 
Selenite can be transported across the cell wall into periplasm by ExTL and cytoplasm by sulfate 
permease (4) where it can be reduced to Se(0) and Se(0)-nanospheres by thiol-mediated 
reductions (6) . Se(0) & Se(0) nanospheres formed in periplasm & cytoplasm can be excreted (3 








Figure 1.6 Schematic diagram of selenate and selenite uptake and reduction by a Gram-positive 
bacterial cell, adapted from Aguilar-Barjas et al (2011), Lampis et al (2014) and Nancharaiah and 
Lens (2015a). Selenate diffuses into peptidoglycan layer (1) where it is enzymatically reduced into 
SeO32-, Se(0) and Se(0) nanospheres (2), which can be excreted by cell lysis (3). Selenite may be 
transferred across cytoplasmic membrane into cytoplasm by sulfate transport channels (4) where 
it is converted into Se(0) and Se(0)-nanospheres by thiol-mediated reductions (5) which can be 






 In Gram-negative Thauera selenatis and Gram-positive Bacillus selenatarsenatis SF-1, 
selenate is reduced to selenite using selenate reductase in the periplasm or peptidoglycan layer 
in cell wall, respectively.  These bacteria utilize selenate as an electron acceptor for respiration 
and energy production which is referred to as dissimilatory reduction of selenate (Nancharaiah 
and Lens, 2015) (arrow 2 in Fig. 1.5 and Fig. 1.6) and reaction 1.4:  
SeO42- + 2e- +2H+ → SeO32- +H2O     reaction 1.4 
 Selenite can then be reduced to Se(0) via nonspecific selenite reductase (Nancharaiah and 
Lens, 2015; Staicu et al., 2017) as shown in reaction 1.5: 
SeO32- + 4e- +2H+ → Se0 + 3H2O     reaction 1.5 
 A portion of selenate and selenite may escape above reactions 1.4 and 1.5 and instead be 
transferred into cytoplasm via sulfate transporters (SuIT permease and SuIP) (Aguilar-Barajas et 
al., 2011) (arrows 4 and 5 in Fig. 1.5 and arrow 4 in Fig. 1.6). In the cytoplasm, selenite can be 
reduced to Se(0) by a multistep thiol-mediated reductions which is believed to serve a 
detoxification function (Ganther, 1968; Staicu et al., 2017) (arrow 6 Fig. 1.5 and arrow 5 Fig. 1.6) 
and reactions 1.6-1.10:  
H2SeO3 +GSH → GS-SeO2H+H2O     reaction 1.6 
GS-SeO2H +GSH → GS-Se-OSG +H2O     reaction 1.7 
GS-Se-OSG + GSH → GS-Se-GS +GSOH     reaction 1.8 
GS-Se-GS +NADPH + H+ → GS-SeH +GSH+NADP+      reaction 1.9 
GSSeH + GSH → GSH+ Se(0)               reaction 1.10 
where GSH=glutathione, GS-SeO2H=glutathione selenone, GS-SeOSG=diglutathione selenone, GS-
Se-GS=selenoglutathione, GS-she=L-ɣ-glutamyl-S-selanyl-L-cysteinylglycine. Se(0) formed by 
reactions 1.6-1.10 can be combined to form Se(0) nanospheres which represents an important 






useful for a variety of industrial purposes (Nancharaiah and Lens, 2015). 
 Intracellular Se(0) nanospheres of ca. 100 nm diameter are formed when proteins interact 
and coat Se(0)  in the periplasmic space of Gram-negative bacteria, the peptidoglycan layer of cell 
membrane of Gram-positive bacteria, and to a lesser extent in the cytoplasm. Once formed, Se(0) 
nanospheres may accumulate in the cell or be excreted by cell lysis and other undefined 
pathways.  Elemental Se reduction to selenide (Se-2) has also been observed, but has not been 
well studied and pathways and enzymes involved have not been identified (Nancharaiah and Lens, 
2015; Staicu et al., 2017).  
 In addition to Se reduction transformations illustrated in Fig. 1.5 and Fig. 1.6, some bacteria 
(and fungi) are capable of methylating Se which is thought to serve a detoxification function 
(Eswayah et al., 2016) (Fig. 1.7 and Fig. 1.8). Methylation by anaerobic bacteria in sewage sludge 
occurs through selenite hydrolyses to selenonic acid followed by methylation to methyl selenonic 
acid, and reduction to methyl seleninic ion (Fig. 1.7). At selenite concentrations >10 mg L-1, methyl 
seleninic ion can be reduced to methyl selenol or methyl selenic acid and dimethyl diselenide 
(CH3)2Se2 (DMDSe). At lower selenite concentrations <10 mg L-1, methyl seleninic ion can be 
methylated to dimethyl diselenenyl sulfide (DMDSeS, CH3SeSeSCH3) (Burra et al., 2010; Eswayah 
et al., 2016). Methylated Se compounds produced by both processes are transferred out of the 
cell and can be eventually volatilized to the atmosphere. 
 Most of the processes discussed above were measured and conducted by anaerobic bacteria.  
Comparatively little is  known about the genes and enzymes involved in Se oxidation reactions 
compared to dissimilatory selenate reduction (Nancharaiah and Lens, 2015).  One of the first 
reports of microbial oxidation of Se(0) to  selenic acid was by Lipman and Waksman (1923) who 
observed increased turbidity in microbial cultures supplied with Se(0) as sole electron 
donor/energy source.  Later, Sarathchandra and Watkinson (1981) reported oxidation of both red 
and grey forms of Se(0) to selenite by Bacillus megaterium, with faster reduction occurring in 
cultures supplied with the more amorphous red Se(0). Dowdle and Oremland (1998) showed Se(0) 








Figure 1.7 Schematic pathway of selenium methylation reactions by anaerobic bacteria, as 
proposed by Reamer and Zollar (1980). Selenite is hydrolysed to selenoic acid (1) which is 
methylated to methyl selenoic acid (2) which is reduced to methyl seleninic ion (3). At elevated 
selenite concentrations (>10 mg L-1), methyl seleninic ion is reduced to methyl selenol or methyl 
selenide and dimethyl diselenide (4 and 5), while at  lower selenite concentrations (<10 mg L-1), 
methyl seleninic ion is methylated to dimethyl selenone (6) which is reduced to dimethyl selenide 








Figure 1.8  Schematic pathway of selenium methylation pathway mediated by Corynebacterium, 
as proposed by Doran (1982). Selenite is reduced to Se(0) (1) which is reduced to H2Se (2) which 







glucose, or sulfide, which implied involvement of chemoorganoheterotrophs as well as 
chemolithoautotrophic Thiobacilli. 
 Many bacteria can assimilate Se-amino acids (e.g. selenocysteine (Sec) and Se methionine 
(SeMet)) which can then be  incorporated into structural and enzymatic proteins (Staicu et al., 
2017) (Fig. 1.9).  Assimilation of Sec into proteins begins with sequential reduction of selenate and 
selenite to selenide, phosphorylation of selenide, formation of SeCys-tRNA by selenophosphate 
selenocysteine synthase, and binding of SeCys-tRNA by Se binding proteins (SBP2) to form SBP2-
SeCys-tRNA. Finally, SBP2-SeCys-tRNA’s anticodon (ACU) binds with the UGA codon of mRNA to 
form Sec-proteins during translation step of protein synthesis. Synthesis of Sec-proteins appears 
to highly regulated in contrast to the more unregulated, random synthesis of SeMet-proteins 
which occurs when SMet replaces methionine during protein synthesis (Staicu et al., 2017). For 
this reason, the concentration of SeMet-proteins would be expected to be a better indicator of 
high Se exposure than concentrations of Sec-proteins. 
1.4.3 Algal uptake and transformations of selenium  
 As evident in the Pourbaix diagram for Se (Fig. 1.3), Se in aquatic systems is likely occur 
primarily as selenate and selenite depending on pH and redox conditions (Geering et al., 1968; 
Schiavon et al., 2017).  Algae can take up both Se forms and convert them to organic Se which is 
ecologically critical because algae form the base of the food chain in most aquatic systems (Ponton 
et al., 2020).    
Algae can take up selenate using sulfate transporters in cell membrane and selenite using 
phosphate and silicate transporters in cell membranes (Fig. 1.10). For this reason, concentrations 
of sulfate, phosphate, and silicate concentrations can affect selenium uptake by algae (Schiavon 
et al., 2017). After selenate and selenite are transported into the cytosol, they are transferred into 
membrane-bound plastids where they are reduced to adenosine phosphoselenate by ATP 
sulfurylase, to selenite by APS reductase, and to selenide (Se2-) by sulfite reductase. Selenide can 







Figure 1.9 Schematic diagram of selenoprotein biosynthesis in bacteria. Steps include selenate 
reduction to selenite by selenate reductase (1), selenite reduction to selenide by selenite 
reductase (2), selenide phosphorylation to selenophosphate by selenophosphate synthetase (3), 
formation of SeCys-tRNA by selenophosphate selenocysteine synthaSe(4 and 5) and binding of 
SeCys-tRNA by Se binding proteins (SBP2) (6). Finally, SBP2-SeCys-tRNA’s anticodon (ACU) binds 








Figure 1.10 Schematic diagram of selenium (Se) uptake and transformations by algae. Algal 
transport selenate using sulfate transporters and selenite by silicate and phosphate transporters 
in outer membrane (1). Selenate and selenite are transferred into plastid (2) where they are 
reduced to selenide and converted to selenocysteine (SeCys) (3-6).  At low Se concentration, SeCys 
is incorporated into beneficial selenoproteins which protect against reactive oxygen species (7-
8). At higher Se concentration, Se generates reactive oxygen species which induce cell toxicity (9). 
SeCys may also be transformed to selenomethione (11-13) which may be incorporated into 






and transformed to SeMet in the plastid, or selenide can be transformed into volatile methylated 
Se species and selenoproteins (e.g. beneficial antioxidant defense proteins, glutathione 
peroxidase and thioredoxin reductase), or can increase production of detrimental toxic reactive 
oxygen species (e.g. peroxides, superoxides, hydroxyl radicals) in the cytosol.  
1.4.4 Invertebrate uptake and transformations of selenium 
 Se uptake and transformations in invertebrates are an ecologically vital because they are 
primary food sources for higher trophic level organisms such as fish and birds (Schmidt et al., 
2013; Xie et al., 2016).  Invertebrates, such as the freshwater invertebrate oligochaete 
(Lumbriculus variegatus), brine fly (Ephydra cinereal), and brine shrimp (Artemia franciscana 
Kellogg)  appear to take up and accumulate Se(particularly organic Se, e.g.  SeMet) by both 
waterborne, and more importantly by dietary routes, such as feeding on algae, diatoms, bacteria, 
and fungi (Xie et al., 2016).  Most Se in invertebrate tissues (>97%) is contained in organic Se 
forms, with variable concentrations in different body parts (Schmidt et al., 2013).  
1.4.5 Fish uptake and transformations of selenium  
 Selenium is a critical micronutrient which plays several beneficial roles for fish, such as 
improving growth, development, reproduction, flesh quality, and in particular, immunity (Pacitti 
et al, 2015).  Se deficiency is associated with oxidative stress, reduced disease resistance, 
increased mortality, and muscular dystrophy, which is similar to Se deficiency effects on birds and 
mammals.  On the other hand, high Se exposure can have detrimental affects on fish, including 
various physical malformations and reproductive failure (Deforest and Adams, 2011). 
 Like invertebrates, fish can take up selenium by waterborne and dietary routes, with the 
latter being far more important (Besser et al., 1993; Ma et al., 2018b).  The main dietary source 
of Se in fish are selenoproteins contained in bacteria, algae, and invertebrate tissues (Porter, 
1996). Ingested selenoproteins are catabolized to amino acids in the digestive tract (including 
SeMet and SeCys) which are absorbed and transported throughout the body in the blood stream 






beneficial or detrimental affects, depending on fish species, gender, diet, and developmental 
stage/age (Conley et al., 2014; Pacitti et al, 2015). 
 Detrimental affects of elevated Se on reproductive success of fish (and birds) starts with Se 
biotransformations that occur in the liver, where SeMet can replace Met during synthesis  of 
energy-rich phospholipoglycoproteins called vitellogenins (Vtgs). Under estrogen stimulation, 
Vtgs are transported in the blood to the ovary, and are taken up and cleaved into yolk proteins in 
growing female sex cells (Janz et al., 2010; Reading et al., 2017).  After hatching, fishlings used 
proteins for growth, which when enriched with SeMet, can be transformed to methylselenol and 
selenide which increases production of reactive oxygen species and oxidative stress, which 
decrease fishling survival (Thomas and Janz, 2016).  
 Although the waterborne route for Se uptake by fish is usually less important, it can occur 
because selenate, selenite, and organic Se are absorbed by gills, circulated in blood, and absorbed 
by intestinal tract, liver, and muscles tissues (Ma et al., 2018a).  Selenate, and in particular 
selenite, have high affinities for molecules with thiol groups, which partiallys explain why Se 
accumulates in the liver and muscle tissues.   Here, selenate and selenite can be reduced to 
selenide (Se2-) by glutathione peroxidaSe(GSH) which can be incorporated into selenoproteins, be 
oxidized to SeO2 (a reactive oxygen species), or excreted as seleno-sugars or methylated selenium 
in urine (Ma et al., 2018a). 
1.5 Se essentiality and toxicity 
 As alluded to in the previous section, Se is an important micronutrient for biota, by protecting 
against oxidative stress, heavy metal toxicity, and improving immunity and reproductive success 
(Kieliszek and Błażejak, 2016). However, of all the elements, selenium has one of the narrowest 
ranges between dietary deficiency (<40 μg day−1) and toxic levels (>400 μg day−1) in humans and 
animals (WHO 1996). Perhaps just as important as Se concentration is type of Se species (Misra 






 One of the most essential aspects of Se is protection against overabundance of reactive 
oxygen species (ROS) such as superoxide (O2·-), peroxide (H2O2) and organic peroxides (ROOH) 
which are produced during normal aerobic metabolism in the mitochondria (Brenneisen et al., 
2005). Overabundance of ROS is referred to as oxidative stress which results in DNA and protein 
damage, lipid peroxidation, cell membrane damage, and ultimately cell death (Ma et al., 2018b; 
Murphy, 2008). Fortunately, many selenocysteine proteins, such as glutathione peroxidase 
(GSHPx) and thioredoxin reductase (TRxR) have antioxidant activity by chemically reducing ROS 
(Kieliszek and Błażejak, 2016). For example, glutathione peroxidase together with glutathione can 
exert tremendous antioxidant activity against ROOH as shown in reaction 1.11: 
GSHPx + 2GSH + ROOH → GSSG + H2O + ROH + GSHPx    reaction 1.11 
where GSSG, the oxidized form of glutathione.  
 The selenoenzyme thioredoxin reductase (TRxR) also protects against oxidative stress by 
reducing to thiol-dependent peroxidases (peroxiredoxins) which in turn reduce ROS (Lu and 
Holmgren, 2013). Other selenoproteins P, R, W possess selenocysteine at the active site  which is 
responsible for antioxidant activity (Brozmanová et al., 2010; Kieliszek and Błażejak, 2016).  
 In addition to protection against oxidative stress, selenoproteins and other Se species can 
have other beneficial health effects.  Selenoprotein P (SEPP1), for example, helps protect against 
metal toxicity by binding with metals and forming non-toxic Se-metal complexes (Kieliszek and 
Błażejak, 2016) . Elemental selenium promotes the immunity system by increasing the production 
of antibody (IgG, IgM) and increasing the activity of T cells and macrophages (Drutel et al., 2013; 
Kieliszek and Błażejak, 2016).  
 Antioxidant role of Se is associated with Sec-proteins; however, elevated concentrations of 
other inorganic and organic Se species can have the opposite effect by increasing ROS and 
oxidative stress (Misra et al., 2015; Spallholz, 1994). As shown in Fig. 1.11, for example, selenite 
can be reduced to seleno-trisulfides (GSSeSG) and selenide by glutathione (GSS) which can 








Figure 1.11 Schematic model of sequential selenite reduction to selenide by glutathiols (GSH) and 
subsequent oxidation of selenide to Se(0) and superoxide (O2-·) by O2 which leads to lipid 







cell and tissue damage (Mézes and Balogh, 2009). By consuming glutathione, these reactions can 
magnify oxidative damage by ROS generated by normal metabolic processes (Mézes and Balogh, 
2009; Zhang et al., 2005). Organic selenium compounds such as selenocystamine (RSeSeR) and 
selenocysteamine can also generate ROS by undergoing heterolytic reduction (Fig. 1.12) 
(Chaudiere et al., 1992). For example, selenocystamine (RSe-) continuously generates H2O2 and 
O2·- in presence of GSH and O2 (Spallholz et al., 2001). Similar reactions with SeMet may account 
for reduced fishling survival as described in Section 1.4.5 (Thomas and Janz, 2016). 
1.6 Selenium occurrences in coal and coal processing wastes 
 Coal is a black or brownish-black sedimentary deposit composed predominantly of carbon 
(>50% by weight) which is readily combustible (Schweinfurth, 2009b). It was formed when dead 
plant biomass decayed into peat which was subsequently compacted, hardened, chemically-
altered, and metamorphosed by heat and pressure over millions of years (Greb, 2019) (Fig. 1.13).  
Vast deposits of coal are found all over the world which originated from former wetlands that 
covered much of the Earth's tropical land areas during the Carboniferous (Pennsylvanian), 
Permian, Mesozoic and Cenozoic eras. The largest reserves are in the USA, Russia, China, Australia 
and India. In the United States, some of the largest coal deposits are located in the Appalachian 
basin in the eastern U.S., the Illinois basin in the mid-continent region, and throughout numerous 
basins and coal fields in the western U.S. and Alaska.   
 Worldwide, between 7000-8000 Mt of coal were mined annually between 2010-2020, with 
greatest amounts produced in China (70%), followed far behind by India, USA, Indonesia, 
Australia, Russia, European Union (each <10%) (IEA, 2020).  Primary uses were electricity 
generation, production of liquid fuel, steel and cement manufacturing. 
 In addition to carbon, oxygen, and hydrogen, coal contains variable amounts and forms of Se 
depending on concentrations in plant biomass (Section 1.4.1) and temperature/pressure 








Figure 1.12 Schematic model which shows selenocystamine (RSeSeR) reduction to 
selenocysteamine (RSe-) by glutathiol and oxidation by O2 leading to production of reactive 
oxygen species (O2-· and H2O2), lipid peroxidation, cell/tissue damage, adapted from Chaudiere et 
al. (1992).  RSeSeR is transformed to RSe- and selenenylsulfide (RSe-SG) through reactions with 
glutathione (GSH) (1 and 2). RSe- reacts with O2 to produce reactive oxygen species (O2-· and H2O2) 
and selenyl radical (RSe·) which forms RSeSeR and glutathione radicals (GS·) which forms GSSG (3-
5). RSe- is also oxidized by H2O2 to selenic acid (RSeOH) which is reduced to selenenylsulfide (RSe-






Figure 1.13 Schematic diagram of the coalification process, adapted from Grep (2019). Plant 
material is deposited in wetland or swamp (A) which undergoes anaerobic decomposition to form 
peat (B). Over several millennia, peat is buried under more peat and sediments which compresses 
the peat and subjects it to increasing temperature and pressure that results in the production of 






in coal range between 0.2-5 mg Se kg-1 , with higher concentrations typically found in coals formed 
under lower temperature conditions due to lower Se volatilization (Schweinfurth, 2009b).Total Se 
in coal can be partitioned into six operationally-defined forms, including water leachable, ion 
exchangeable, and associated with carbonates, organic matter, silicates, and sulfides (Zhang et 
al., 2007). As with total Se concentration in coal, the relative amounts of Se in various pools are 
dictated largely by the temperature/pressure conditions under which coal formed; greater 
fractions of Se are associated with organic matter and silicates in coal formed at low 
temperatures, and a greater fraction of Se is associated with sulfide minerals in coal formed at 
higher temperatures (e.g. >50% Se associated with anthracite and cokeite) (Zhang et al., 2007).  
The different Se concentrations and forms in coals pose challenges to the coal preparation 
industry who are charged with the responsibility producing environmentally-friendly coal for 
energy and other industrial purposes.  
 Many of the impurities in mined coal must be removed before coal can be used for energy 
generation or industrial uses, which is typically accomplished by one or more physical and 
chemical processes (Neulicht and Shular, 1995). Physical processes are more common which 
involve crushing, screening, separating lower-density coal particles from the larger, higher-density 
minerals (sand, silt, and clays) by mixing with aqueous solutions. The lower-density coal fraction 
is collected and dewatered by thermal drying to decrease coal weight and increase coal heating 
value.  The process is quite effective at removing clay and silt particles, trace elements, and S/Se 
associated with silicate and sulfide minerals, but is not very effective at removing Se associated 
with organic matter.  Thus, when coal enriched with organic Se is burned, several volatile Se 
species can be released to the atmosphere (Schweinfurth, 2009a). 
 The physical coal preparation process described above produces large amounts of aqueous 
wastes.  Preparation of one metric ton of coal requires between 5-10 times as much water 
(Arsentyev et al., 2016).  Given that 640 Mt coal were mined in the USA in 2019 (IEA, 2020), 
preparation of that amount of coal would generate 3-6 x 1012 L aqueous wastes.  Large amounts 
of aqueous wastes have been generated in the USA for over 60 years, and 85-90% have been 






the one shown in the photo in Figure 1.14 (Self, 2019). In the United States, there are 713 coal 
slurry impoundments which are mostly tucked away in rural Appalachian mountains of West 
Virginia, Pennsylvania, Kentucky, and Virginia (Orr et al., 2002) (Fig. 1.15). 
 The embankment walls of slurry impoundments are usually constructed using the coarse rock 
debris that was excavated during coal mining (Self, 2019). Unfortunately, the embankment walls 
are not water-tight so tend to chronically leak aqueous wastes from the impoundment into nearby 
streams.  Chemical analysis of several West Virginia slurry liquids revealed that they contained 
elevated concentrations of  Al, NH4+, Sb, As, Cd, Cr, Cu, Pb, pH, and Se compared to Warm Water 
Aquatic Habitat Criteria and Drinking Water Standards (Aken et al., 2015; USEPA, 2018) (Table 
1.5). As a result, aquatic biota are in slurry impoundment-impacted streams are adversely affected 
(Lindberg et al., 2011). These discoveries were primary impetus for this research project to 
evaluate the potential of using passive anaerobic bioreactors for Se removal from coal slurry 
liquids. 
1.7 Passive anaerobic bioreactors for coal slurry remediation 
 As discussed in Section 1.6, coal preparation generates large volumes of slurry wastes which 
often contain elevated concentrations of Se and other chemicals that pose health hazard risks to 
people and wildlife that live near slurry impoundments.  Numerous physical-, chemical-, and 
biologically-based Se removal remediation technologies exist, but  most suffer from one or more 
drawbacks such as high installation and maintenance costs, Se species specificity, inhibited by 
other constituents in waste, inability to achieve 3 µg Se L-1 concentration objective, exposure of 
wildlife to wastes. 
 







Figure 1.14 Overhead photograph of a typical coal slurry impoundment built into an Appalachian 

















 Table 1.5   Comparison of concentrations of selected chemicals in liquid fraction of five West 
Virginia coal slurries (Aken et al., 2015) with National Freshwater Warm Water Aquatic Habitat 
Criteria (EPA, 2017) and Primary and Secondary Drinking Water Standards (USEPA, 2018). Values 
in bold text identify concentrations that exceed one of the criteria or standards. NM=not 
measured; NC=no criteria. 
Chemical Coal slurry 
liquid 














 -----------------------------------------------------µg L-1--------------------------------------- 
Aluminum 30-532 430/980† 240/380† NC 50-200 
Ammonia-N 200-2000 400-1700‡ 100-1600‡ NC NC 
Antimony <0.1-20 NC NC 6 NC 
Arsenic <0.1-14 340 150 10 NC 
Barium 50-270 NC NC 2000 NC 
Beryllium <0.1-0.4 NC NC 4 NC 
Cadmium <0.05-1 0.2/2† 0.05/0.3† 5 NC 
Chloride 0.2-423 860,000 230,000 NC 250,000 
Chromium (total) 1-30 NC NC 100 NC 
Chromium (III) NM 274/1803† 13/86† NC NC 
Chromium (VI) NM 16 11 NC NC 






NM NC 2 NC NC 
Iron 30-910 NC 1000 NC 300 
Lead <1-80 4/82† 0.2/3.2† 5 NC 
Mercury BDL 1.4 0.8 2 NC 
Nickel 4-40 67/469† 7/52† 100 NC 
Nitrate+nitrite-N 100-3450 NC NC 10,000 NC 
Oxygen 
(dissolved) 
NM NC 5000-8000§ NC NC 










† Criteria concentration depends on water hardness. First and second (x/y) are concentrations 
calculated at 10 and 100 mg L-1 as CaCO3, respectively, which encompass the hardness range for 
Appalachian streams. 
‡ Ammonium speciation and concentration are pH and temperature dependent. First and second 
concentrations were calculated at pH 9 and pH 6 respectively, at a temperature of 25°C.  
§ Higher concentration criteria for trout streams. 
¶ First and second concentration criteria are for lentic (still waters, e.g. lakes, ponds) and lotic 
(moving waters, e.g. streams and rivers) water bodies, respectively. 
  
Table 1.5 continued   
Chemical Coal slurry 
liquid 














 -----------------------------------------------------µg L-1---------------------------------- 
Selenium 8-30 20-20¶ 1.5-3.1¶ 50 NC 
Silver <1 3.2  NC 100 
Sulfate 157000-
1110000 
NC NC NC 250,000 
Thallium 0.2-0.4 NC NC 2 NC 
Total Dissolved 
Solids 
423-2540 NC NC NC 500,000 
Uranium NM NC NC 30 NC 







 One type of biological technology that has potential for decreasing Se concentrations from 
slurry wastes are passive anaerobic bioreactors (PAB), which have been used to remove NO3- in 
agricultural drainage by denitrification for over 25 years (Addy et al., 2016; Cameron and Schipper, 
2010; Schipper et al., 2010). Passive anaerobic bioreactors consist of a fully-lined trench filled with 
organic substrate, covered with liner and soil, and plumbed to receive and transmit wastewater 
in a controlled manner using weirs and gravity (Christianson, and Helmers. 2011) (Fig. 1.16).  
 Nitrate removal from agricultural drainage water in PAB systems occurs through the 
concerted activity of anaerobic bacterial groups (e.g. hydrolyzers, fermenters, and acetogens) 
which break down complex organic compounds in plant biomass (e.g. cellulose and hemicellulose) 
into simpler compounds (e.g. glucose, volatile fatty acids, and acetate) that can be used as 
electron donors by denitrifying bacteria, according to reaction 1.12: 
2NO3- + 10 electrons (from organic substrates) + 12H+ → N2 (gas) + 6H2O  reaction 1.12 
 PAB for NO3- removal has been adopted worldwide because of its many advantages which 
include high-year-round treatment efficiency, low installation costs, no requirements for 
electricity, nutrients, or maintenance, water conservation, wildlife exposure to waste 
minimization, and longevity (over two decades).  
 By analogy to nitrate removal in PAB, it is proposed that SeO42- and SeO32- could be removed 
from slurry wastes by bacterial dissimilatory reduction to elemental Se(0)(solid), as described in 
detail in Section 1.4.2.  
SeO42- + 2e- +2H+ → SeO32- +H2O     reaction 1.13 
SeO32- + 4e- +2H+ → Se0 + 3H2O     reaction 1.14 
 From a remediation standpoint, dissimilatory reduction in PAB would be beneficial because 
biogenic Se(0) nanosphere particles are immobilized in bacterial cells and biofilm matrices in the 
bioreactor and so are removed from treated wastes.  Additional Se removal processes in PAB  
system could include Se(0) reduction to selenide (H2Se), volatilization of H2Se and methyl 







Figure 1.16 Construction phases of typical passive anaerobic bioreactor. A. excavate bed with a 
shallow slope (to promote gravity flow), seal bottom and sides with impermeable membrane (to 
prevent groundwater contamination), plumb with inlet/outlet piping (to control discharges). B. 
fill bed with organic substrate and inoculate with bacteria (woodchips and/or other organic 
substrate which serve as continuous source of organic carbon and electron donors for bacterial 
populations). C. seal top with impermeable membrane (to minimize precipitation inputs, 
volatilization from reactor, plant/wildlife exposure). D. cover with soil and vegetation (to increase 








(El-Ramady et al., 2014; Gonzalez-Gil et al., 2016; Masscheleyn and Patrick Jr, 1993). 
 Few studies have evaluated Se removal in PAB with complex organic substrates (Mirjafari 
and Baldwin, 2015; Rutkowski et al., 2010). A field-scale PAB system in Colorado with a mixture 
of cow manure, hay, woodchips, sawdust, and limestone consistently removed 85-98% Se at rates 
between 1-80 mg Se m-3 d-1 from gravel pit seepage with an average 24 gallons per minutes (gpm) 
hydraulic loading rate and 70 µg Se L-1 influent concentration for up to 3 years when the hydraulic 
retention time was >2 d (Rutkowski et al., 2010). Similar removals were achieved in a field-scale 
PAB in West Virginia that received coal mining valley fill leachate with an average 30 gpm hydraulic 
loading rate and 15 µg Se L-1 influent concentration (Bays et al., 2014). Based on these results, the 
use PAB for Se removal seems very promising.  
 A potential downside of PAB that has received relatively little attention is unintentional 
release of pollutants from PAB - such as greenhouse gases, dissolved organic carbon, nutrients – 
to air and water, which has been referred to as “pollution swapping” (Healy et al., 2015).  For 
example denitrifying PAB with cardboard and pine needles released large amounts of greenhouse 
gases (mostly CH4) and organic carbon that made them much less desirable choices (Healy et al., 
2015). These results highlight the importance of taking into account the influence of organic 
substrate types on both primary contaminant removal and production of secondary contaminants 
that together define the long-term sustainability of the treatment system. A scientifically-based 
method for selecting organic substrates that meet these criteria is greatly needed.     
1.8 Research project objectives, hypothesis, general approach, intellectual merit  
 The overarching goal of this research project is to evaluate the capacity of passive anaerobic 
bioreactors to remove Se and other pollutants from coal slurry wastes without contributing other 








Specific objectives were: 
Objective 1. Determine the influence of four types of organic substrates and maturation time on 
Se removal rates in PAB systems. 
Objective 2. Determine the influence of four types of organic substrates and maturation time on 
production of greenhouse gases, nutrients, dissolved organic C, pH, and trace elements in 
effluents in PAB systems (“pollution swapping”). 
The central hypothesis is that Se removal rates and pollution swapping will be significantly related 
to type and chemical composition of organic substrates and maturity age of PAB systems.  
The general approach for achieving research objectives was to monitor changes in concentrations 
of dissolved Se, trace elements, pH, nutrients, greenhouse gases, organic C in effluents of lab-PAB 
systems with different organic substrates (Wood Chips, Mischanthus, switchgrass, and Timothy 
Hay) over the course of seven months.   
Results from the project will provide new insight by answering questions such as:  
• “What types of organic carbon substrates/characteristics in PAB support highest rates of 
selenium removal?” 
• “What types of organic carbon substrates/characteristics in PAB contribute the least 
amounts of pollutants to water and air (i.e. pollution swapping) and should be avoided in 
PAB?”  
In Chapter 2, detailed methods used to answer the research objectives/questions are 
described and in Chapter 3, results from the project and answers to the research questions 







 METHODS AND MATERIALS 
2.1 Fabrication of passive anaerobic bioreactors for determining changes in water chemistry, 
redox potential, greenhouse gas production 
Changes in water chemistry in Passive Anaerobic Bioreactors (PAB) were determined in wide 
mouth glass, mason jars with dimensions of 16.6 cm height and 8.5 cm internal diameter, surface 
area of 56.6 cm2, and volume of 940 cm3 (Ball Corporation, Broomfield, CO) (Fig. 2.1). Plastic caps 
(Ball Corporation, Broomfield, CO) were made airtight using a silicone seal (GE Silicones, 
Huntersville, NC). Two holes (1.3 cm and 1.0 cm diameter) were drilled into the plastic cap which 
accepted rubber septa for water sampling and for gas pressure equilibration/gas sampling. A short 
section of glass tubing was inserted into one septum which was connected to a 30 cm of flexible, 
0.4 cm internal diameter plastic tubing and 0.5 L gas sampling bag (Supelco, Bellefonte, PA). The 
purpose of the gas sampling bag was to release pressure generated from gases produced in 
reactors and to collect greenhouse gases for later analysis. The bags, however, were found to be 
slightly gas permeable so served only a gas pressure release function. To monitor greenhouse gas 
production, separate PAB systems were constructed as described below. All PAB were prepared 
in triplicate for the four organic substrates. Protocols for sampling and analysis of water samples 
are described in sections 2.5 and 2.6, respectively.  
A second set of PAB systems with four organic substrates in triplicate were prepared to 
monitor greenhouse gas (CO2, CH4, and N2O) production because bags attached to PAB systems 
shown in Fig. 2.1 were not gas tight. PAB systems for measuring greenhouse gases were 
constructed from glass, wide mouth mason jars with dimensions of 6.5 cm height, 6.7 cm internal 
diameter, and 230 cm3 volume (Ball Corporation, Broomfield, CO) (Fig. 2.2). A one cm diameter 








Figure 2.1 Photograph of a Passive Anaerobic Bioreactor (PAB) system which was used to 
determine changes in coal slurry water chemistry over time. Water samples were collected with 
a needle and syringe through the rubber septum in the cap. The photograph shows a PAB system 
with Switchgrass as organic substrate; similar PAB reactors were set up for other three organic 







Figure 2.2 Photograph of a Passive Anaerobic Bioreactor (PAB) system used for monitoring 
greenhouse gases (CO2, CH4, and N2O) production over time. Gas samples that accumulated in the 
headspace were sampled using a needle and syringe from septum in the cap. PAB systems with 






place and made gas tight with clear water-proof 100% silicone sealant (GE, Momentive 
Performance Materials, Huntersville, NC) which was used for gas sampling. PAB systems with the 
four organic substrates were set up in triplicate (i.e. 12 PAB systems).  Protocols for sampling and 
analysis of gas samples are described in sections 2.5 and 2.6, respectively. 
A third set of PAB systems with four organic substrates were prepared in triplicate to monitor 
changes in redox potential (Eh) during incubations (Fig. 2.3). Separate PAB systems were set up 
for measuring Eh to avoid the possibility of introducing O2 when Pt redox and calomel electrodes 
were introduced to PAB systems which could affect O2-sensitive biogeochemical processes. The 
PAB systems were fabricated with the same type of glass reactor as shown in Fig. 2.1 but were 
sealed with plastic caps with two holes that accepted cable glands (XHF, Hong Kong, China) to 
hold a Pt redox electrode and Accumet calomel reference electrode (Fisher Scientific, Waltham, 
MA). The procedure for measuring Eh is described in Section 2.6.   
2.2 Descriptions and characterizations of organic substrates used in PAB systems   
 Four organic substrates were used in PAB systems, which included Switchgrass (SG) (Panicum 
virgatum), Giant Miscanthus (MC) (Miscanthus x giganteus), Timothy Hay (TH) (Phleum pratense) 
and Hardwood Chips (WC). These organic substrates were chosen because they can be readily 
grown in many parts of the world and have high biomass yields which make them good candidates 
as organic substrates in PAB pollutant remediation systems. 
 Switchgrass is a warm-season perennial grass native to North America which grows in every 
state in the continental US except for Washington, Oregon, and California (Casey et al., 2011). 
Such a large distribution is a reflection of its adaptation to wide ranging temperature and drainage 
conditions (Wu, 2008). Two morphological ecotypes are recognized: (i) shorter (<2 m) and lower-
yielding (2-10 Mg ha-1) ecotype that typically grows in upland areas with shallow soils and (ii) taller 










Figure 2.3 Photograph of a Passive Anaerobic Bioreactor (PAB) system used to monitor changes 
in redox potential (Eh) over time, with the calomel reference electrode (left), and platinum redox 
electrode (right) which are both connected to an Eh meter. PAB systems with four organic 






with deeper soils (Brunken and Estes, 1975). Because of the high yield potential, the taller ecotype 
was selected by U.S. Department of Energy as a model herbaceous energy crop for the 
development of a renewable feedstock source to produce transportation fuel (Wright, 2007). The 
taller form of switchgrass used in this study was graciously provided by Dr. Ray Smith who grew 
the crop at the University of Kentucky Research North Farm in Lexington, KY. 
 Giant Miscanthus is a tall (4-5 m), warm-season perennial grass native to East Asia (Casey et 
al., 2011; Heaton et al., 2008). It was first introduced to Europe in the 1930’s as an ornamental 
plant, but since the 1990’s has been evaluated as bioenergy crop because it (i) possesses an 
efficient C4 photosynthetic pathway, (ii) has relatively low nutrient and water requirements, (iii) 
grows well at low temperatures (e.g. normal growth at 14oC), and (iv) is not very invasive because 
of its sterile seeds and slow growing rhizomes (Scurlock, 1999). Typical annual yields range 
between 10-40 Mg ha-1, with 22 Mg ha-1 consistently achieved regardless of rainfall, nitrogen 
fertilizer, or growing degree days (Heaton et al., 2008). For these reasons, it is being considered 
as a potential bioenergy crop in the US.  Giant miscanthus used in this study was provided by Dr. 
Ray Smith who grew the crop at the University of Kentucky Research North Farm in Lexington, KY. 
 Timothy Hay is a cool season perennial grass native to most of Europe except for the 
Mediterranean (Lacefield et al., 1980; USDA, 2009). It was first introduced to US in the 1700’s, 
and has been used as a forage crop for cattle, horses, pet rabbits, and rodents. It grows well in 
soils with sandy and clay textures and is noted for its resistance to cold and drought. Depending 
on the soil water and nutrient status of soil, Timothy Hay biomass production can range between 
2-9 Mg ha- 1 (Tran and Lebas, 2015). Timothy Hay used in this study was purchased from Walmart 
in Lexington, KY where it is sold as pet rabbit and rodent food. 
 Hardwood Chips used in the study consisted mainly of virgin chipped oak which was 
purchased at Landscaper’s Corner in Lexington, KY where it is sold as American Society for Testing 
and Materials (ASTM)-certified playground chips.  According to ASTM certification, playground 
chips are free of harmful chemicals (e.g. preservatives). Hardwood trees, which refer to broad-






biomass yields (0.5-10 Mg ha-1 y-1), consist of 50% carbon as lignocellulosic materials, and grow 
on every continent on Earth except for Antarctica (Peterson, 2019). Hardwood Chips have been 
commonly used in PAB systems for removing nitrate from agriculture drainage water and other 
types of wastewaters (Aalto et al., 2020) but have not been extensively evaluated for Se removal.   
2.2.1 Primary and secondary porosities of organic substrates 
 Primary (gravitational) and secondary porosities of organic substrates were determined by 
the method described by Hoover et al. (2016). The procedure operationally defines primary 
porosity as the fraction of water in the saturated organic substrate volume which readily drains 
by gravity from inter-aggregate pores. Secondary porosity is defined as the fraction of water in 
the saturated organic substrate volume which resists drainage due to adherence to external and 
internal surfaces. In this study, water samples were collected from primary pores by syringe and 
needle so that concentrations would reflect those in PAB effluents.   
 Primary and secondary porosities were determined by adding a known mass of organic 
substrate (30-76 g with ≈5 cm length) into a pre-weighed 1 L graduated cylinder and dropping a 1 
kg weight from a height of 20 cm to achieve the desired organic substrate density range from 0.07 
to 0.24 g cm-3. Different masses of substrates were used due to differences in density of 
substrates. 
 Water was slowly added to organic substrate in the graduated cylinder and allowed to 
equilibrate overnight to fully saturate intra- and inter-aggregate pores. The next day, additional 
water was added to replenish the volume absorbed into intra-aggregate pores. The total volume 
of saturated organic substrate was determined by measuring the volume of saturated substrate 
in the graduated cylinder. 
 To determine primary porosity, a 1-mm mesh screen was affixed to the top of the graduated 
cylinder with a rubber band and the cylinder was inverted into a pre-weighed beaker to collect 
the water that readily drained from organic substrate by gravity in three minutes. The mass of 






porosity by dividing by the volume of water that drained into the beaker (assuming water density 
1 g mL-1) by the total saturated organic substrate volume in the graduated cylinder.  
 To determine secondary porosity, the graduated cylinder that contained drained, organic 
substrate was weighed and placed in an oven set at 80oC for several days to evaporate most of 
the surface-bound and intra-aggregate-entrained water. After a stable mass was achieved, the 
mass of water lost during drying was used to determine secondary porosity by dividing the volume 
of water lost (assuming water density 1 g m L-1) by the total saturated organic substrate volume. 
2.2.2 Organic carbon pool concentrations in organic substrates 
 Concentrations of organic carbon in four operationally-defined pools in substrates were 
determined using the plant litter organic carbon fractionation procedure described by Ryan et al. 
(1990) which estimated organic carbon associated with (i) lipids, (ii) sugars/phenols/amino acids, 
(iii) cellulose/hemicellulose/proteins/nucleic acids, and (iv) lignin.  
 The sequential extraction began with overnight extraction of 0.5 g air-dried, ground 
substrate (2 mm) with 25 mL DCM in a 35 mL Teflon centrifuge tube on an E6010 Eberbach shaker 
(Belleville, MI) set at 180 oscillations per min. Substrates were extracted with DCM first to take 
advantage of the solvents ability to lyse plant cell membranes and facilitate extraction of 
intracellular molecules in subsequent steps.  
 After overnight extraction with DCM, tubes were centrifuged at 7000 g for 15 min and DCM 
was transferred to a glass tube and evaporated to <3 mL volume under a gentle stream of N2. The 
partially evaporated DCM was quantitatively transferred to a pre-weighed ceramic crucible, 
evaporated to dryness, and the mass of the DCM-extracted residue in crucible was determined 
gravimetrically. Organic carbon concentration of DCM-extracted residue was determined using a 
Shimadzu TOC-5000A total organic carbon analyzer (Columbia, MD). The fraction of total carbon 
as DCM extractable lipid carbon was determined by multiplying the organic carbon concentration 
in dried residue (mg C g-1 dried residue) by dried residue mass (g) and dividing by the initial total 






 After DCM extraction, residual DCM in substrate in the centrifuge tube was allowed to 
evaporate for one day. After removing DCM, 20 mL water was added to the residual substrate in 
the tube which was tightly capped and autoclaved at 121oC and 101 kPa for 1 h. After cooling, 
tubes were centrifuged for 25 min, the supernatant was removed, acidified with 1 drop 
concentrated H2SO4 (pH<2) and left overnight to allow for evolution of inorganic bicarbonate and 
carbonate carbon before organic carbon analyses using a TOC analyzer. The fraction of total 
carbon made up of water soluble organic carbon was determined by multiplying the organic 
carbon concentration in extract (mg C L-1 extract) by extract volume (L), and dividing by total 
carbon (mg C) in the substrate subjected to the extraction. Organic carbon in this pool was 
assumed to be mostly associated with water soluble and readily degradable sugars, phenols, and 
amino acids.  
 After water extraction, 3 mL of 13 M H2SO4 was added to residual substrate for 1 h and then 
12 mL 5.85 M NaOH was added to achieve a final concentration of 0.5 M H2SO4. The tube was 
tightly capped and autoclaved at 121oC and 101 kPa for 1 h. After cooling, tubes were centrifuged 
as before, and the supernatant was analyzed for organic carbon using a TOC analyzer. The fraction 
of total carbon as acid soluble organic carbon was determined by multiplying the organic carbon 
concentration in extract (mg C L-1 extract) by extract volume (L), and dividing by total carbon (mg 
C) in the substrate used in the extraction. Organic carbon in this pool was assumed to be mostly 
associated with acid-hydrolysable cellulose/hemicellulose/proteins, etc.  
 After acid extraction, remaining tube contents were dried, weighed, and the organic C 
concentration of residue was determined using a TOC analyzer. The fraction of total organic 
carbon as residual organic carbon was determined by multiplying the organic carbon 
concentration of the residue (mg C g-1 residue) by residue mass (g) and dividing by total carbon 
(mg C) in the substrate that was subjected to the extraction. Organic carbon in this pool was 






2.2.3 Total element concentrations in organic substrates 
 Total metal concentrations of organic substrates were determined by nitric acid digestion 
using EPA Method 3050B (EPA, 1996). Briefly, 0.35 g dried, ground substrate (2 mm mesh) was 
weighed into a 50 mL Pyrex tube and mixed with 4 mL of concentrated nitric acid. After samples 
stopped frothing, tubes were covered with a Teflon ball and heated overnight in a block digester 
set at 100oC. After cooling to room temperature, 2 mL 50% hydrogen peroxide was added to 
tubes. Tubes were allowed to react for 60 minutes and the placed back on the block digester set 
a 120oC for 60 minutes to continue the digestion process and decompose peroxide. After cooling, 
35 mL water was added to tubes before analysis by ICP-OES as described in Section 2.6. Total 
element concentrations were expressed on mass substrate basis by multiplying concentrations 
with volume of total extract divided by the mass of the substrates in used in total extraction. 
 Total Kjeldahl nitrogen (TKN) is an acid digestion procedure that determines nitrogen 
associated with organic, ammonium, and nitrate compounds in soils and plant materials 
(Bremner, 1996). Exactly 0.100 g organic substrate was reacted with 5 mL concentrated sulfuric 
acid-salicylic acid mixture (1 L:25 g) in a 75 mL Pyrex tube for 1 h. After the reaction period, 0.5 g 
of sodium thiosulfate was added to tubes which were gently heated in a block digester until 
frothing ceased. After cooling, three selenized Hengar granules and 1.6 g K2SO4+CuSO4+selenium 
salt mixture (200:20:2) were added to tubes which were heated to 360oC on a block digester until 
digestion cleared (about 5 h). After cooling to room temperature, water was added to tubes to a 
50 mL total volume. Total Kjeldahl nitrogen in diluted digests was determined by the phenate 
colorimetric method using a Technicon Autoanalyzer, EPA Method 351.1 (EPA, 1978). The TKN 
concentration in organic substrates were used to compute carbon:nitrogen ratios of organic 
substrates, which were expressed on mol C: mol N basis. 
2.2.4 Water extractable element concentrations in organic substrates 
 Water extractable elements in organic substrates were determined using the procedure 






with 30 mL water in 50 mL centrifuge tubes on an E6010 Eberbach shaker (Belleville, MI) set at 
180 oscillations per minute for 2 h at room temperature (23oC). After the shaking period, tubes 
were centrifuged at 8228 g for 15 min. A subsample of the supernatant was evaluated 
immediately for pH using a calibrated Accumet pencil pH electrode (Fisher Scientific, Waltham, 
MA) and Five Easy Plus pH meter (Mettler-Toledo, Columbus, OH). Electrical conductivity (EC) was 
also determined immediately using a calibrated Traceable EC electrode and meter (VWR, Radnor, 
PA). The remaining supernatant was passed through 0.45 µm nylon membrane and split into three 
subsamples for (i) NH4+, (ii) NO3-+NO2-, PO43-, SO42- and (iii) metals, and analyzed as described in 
section 2.6. Water soluble concentrations were expressed on mass substrate basis by multiplying 
concentrations with volume of water extract divided by the mass of the substrates used in water 
extraction. 
2.3 Simulated coal slurry used in PAB systems 
 Unfortunately, it was not possible to obtain coal slurry from coal slurry impoundments in this 
study due to trespassing restrictions. Therefore, simulated coal slurry was prepared in the 
laboratory based on chemical composition of West Virginia coal slurry liquids determined in 
another study (Aken et al., 2015). Target concentrations of metals in simulated coal slurry (Table 
2.1) were prepared using reagent grade trace element chloride and sulfate salts in 11 L purified 
water and brought to pH 6.0-6.5 with 1 M NaOH. 
2.4 Microbial inoculum used in PAB systems 
 Microbial inoculum was obtained from the anaerobic digester of Town Branch Wastewater 
Treatment Plant in Lexington, KY. To test whether the microbial inoculum possessed selenate 
reducing activity, a preliminary experiment was conducted using 100 mL autoclaved Mueller 
Hinton Broth (121oC, 15 psi for 1 h) in 160 mL serum bottles with the following three treatments: 
(i) abiotic control with no microbial inoculum and spiked with 1 mM selenate (-M/+Se) (ii) 0.5 mL 
microbial inoculum with no selenate (+M/-Se) and (iii) 0.5 mL microbial inoculum and spiked with 






Table 2.1   Target chemical composition of coal slurry used in passive anaerobic bioreactors, based 
on chemical composition of West Virginia coal slurry liquids determined in another study (Aken 









































for 2 weeks at 23oC. Microbially-mediated selenate-reducing activity in the inoculum was 
indicated by the appearance of characteristic red Se(0) precipitate in the +M/-Se treatment but 
not in other treatments (Fig. 2.4). Thus, this microbial inoculum from the wastewater treatment 
plant was to inoculate PAB systems. 
2.5 PAB inoculation and water and gas sampling 
 Air-dried organic substrate (50-147 g chopped in 5 cm lengths) were added to triplicate PAB 
systems as described in Section 2.1. At the start of the experiment (Time 0), 650 mL of simulated 
coal slurry (section 2.3) and 20 mL microbial inoculum (Section 2.4) were added to each PAB and 
immediately sealed with air-tight caps and placed in a darkened incubator shaker set at 50 
rotations per minute and 20oC. 
 After 1, 3, 5, 10, 15, and 32 days, PAB were removed from the incubator, and a 10 mL water 
sample was removed at a consistent depth of 11 cm using 15-cm needle and syringe through the 
rubber septum sampling port in the cap. The sample was partitioned into four subsamples in 
separate 7 mL plastic vials for different preservation and chemical measurements (Berg, 1992) 
including (i) pH and electrical conductivity (EC) (1.5 mL, measured immediately), (ii) dissolved 
organic carbon and NH4+ (2 mL filtered with 0.45 µm nylon filter in polypropylene filter holder 
(Model SF18128, Tisch Scientific, North Bend, OH) and preserved by acidification with H2SO4 at 
4oC), (iii) PO43-, NO3-+NO2-, SO42- (2 mL filtered with 0.45 µm nylon filter and preserved at 4oC), and 
(iv) Se and metal analysis (3 mL filtered with 0.45 µm nylon filter and preserved by acidification 
with HNO3 at 4oC). Analytical procedures are described in Section 2.7. After the 32d sampling, PAB 
were returned to the incubator until the next maturation period (one, two, and six months after 
the initial set up) at which times coal slurry was replaced with freshly prepared slurry and sampled 
as before.  
 PAB systems designated for greenhouse gas sampling (Fig. 2.2) were set up the same as 









Figure 2.4 Photograph showing selenate reduction to red Se(0) precipitate by microorganisms 
used to inoculate passive anaerobic bioreactors.  From left to right: minus microbial inoculum plus 
selenate, plus microbial inoculum plus selenate, and plus microbial inoculum minus selenate. 
Microbial inoculum was obtained from the anaerobic digester of the Town Branch Wastewater 
Treatment Plant in Lexington, KY. Appearance of red Se(0) precipitate in the middle treatment 







Liquid+solid and gas headspace volumes were of 140 cm3 and 90 cm3, respectively. Exact masses 
of substrate, liquids, and volumes in all types of PAB systems were determined gravimetrically. 
 On the same days as water sampling, gas samples (10-100 µL) from the PAB headspace were 
injected directly into injection ports of gas chromatographs with a thermal conductivity detector 
for CO2 analysis, flame ionization detector for CH4 analysis, and electron capture detector for N2O 
analysis. Detailed descriptions of gas chromatograph methods are described in Section 2.6. After 
the last gas sampling day, PAB systems were matured for one, two, three, and six months, at 
which times coal slurry was replaced with freshly prepared slurry and sampled as before.  
2.6 Analysis of chemicals in water, redox potential, and gases in PAB systems 
 pH of water samples were determined immediately (<1 h) after collecting samples using a 
calibrated Accumet pencil pH electrode (Fisher Scientific, Waltham, MA) and Five Easy Plus pH 
meter (Mettler-Toledo, Columbus, OH). Electrical conductivity (EC) was also determined 
immediately after sample collection using a calibrated Traceable EC electrode and meter (VWR, 
Radnor, PA).  
 Dissolved organic carbon (DOC) concentrations in filtered (0.45 µm) and acidified water 
samples were determined within 28 d after sample collection using a Shimadzu TOC-5000A total 
organic carbon analyzer (Columbia, MD). Concentrations were determined from a linear 
calibration curve prepared with five-point calibration curve in the concentration range 5 to 200 
mg C L-1 (R2 > 0.999). Method accuracy was determined using a certified reference carbon 
standard with an acceptance range of 100±20% (Ricca Chemical Company, Arlington, TX). The DOC 
detection limit was 3.22 mg C L-1 which was determined by multiplying the standard deviation of 
seven measurements of a 5 mg C L-1 standard by 3.14 (EPA, 2016).  
 Ammonium-N (NH4+-N) concentrations in filtered (0.45 µm) and acidified water samples 
were determined within 28 d after sample collection by the phenol-hypochlorite colorimetric 
reaction (Weatherburn, 1967) which was adapted to a microplate reader. Briefly, 120 µL sample 






sodium nitroprusside and 50 µL 0.5% sodium hydroxide in 0.042% sodium hypochlorite. The 
microplate was sealed with Para film and contents mixed for 30 min on a Lab line Instruments 
Model 4625 microplate shaker (Melrose, IL). Absorbance readings at 630 nm in microplate wells 
were measured using a BIO-TEK µQUANT MQX200 microplate reader (Winooski, VT). Ammonium 
concentrations of samples were determined using a five-point linear calibration curve in the 
concentration range 0.05 to 10 mg N L-1 (R2 > 0.999). Method accuracy was determined using a 
certified reference ammonium standard (Inorganic Venture, Christiansburg, VA) with acceptance 
range of 100±20%. The NH4+ detection limit was 0.032 mg N L-1 which was determined by 
multiplying the standard deviation of seven measurements of a 0.05 mg N L-1 standard by 3.14 
(EPA, 2016).  
 Nitrate+nitrite-N ((NO3-+NO2-)-N) concentrations in filtered (0.45 µm) water samples were 
determined within 2 d after sample collection using the Cd reduction-Griess colorimetric reaction 
which was adapted to a microplate reader (Crutchfield and Grove, 2011). Briefly, 20 µL sample 
was pipetted into individual microplate wells followed by 200 µL 1% ammonium chloride pH 8.5 
buffer solution. A Cd reductor plate (Paratechs, Lexington, KY) was placed into microplate wells 
and mixed for 60 min on microplate shaker to reduce NO3- in samples to NO2-. The Cd reductor 
was removed and 60 µL containing Greiss reagent (equal volumes of 1% sulfanilamide in 3 M HCl 
and 0.1% NED (N-(1-naphthyl)-ethylenediamine dihydrochloride) was added to each well and 
mixed for 5 min on a microplate shaker. Absorbance readings at 542 nm were measured using a 
microplate reader. Nitrate+nitrite-N concentrations were determined using a five-point linear 
calibration curve in the concentration range 0.1 to 10 mg N L-1 (R2 > 0.999). Method accuracy was 
determined using a certified reference nitrate standard with acceptance range of 100±20% 
(Inorganic Venture, Christiansburg, VA). The (NO3-+NO2-)-N) detection limit was 0.095 mg N L-1 
which was determined by multiplying the standard deviation of seven measurements of a 0.1 mg 
N L-1 standard by 3.14 (EPA, 2016).  
 Phosphate (PO43--P) concentrations in filtered (0.45 µm) water samples were determined 
within 2 d after sample collection using the malachite green colorimetric reaction which was 






microplate well and mixed with 40 µL 1.75% ammonium heptamolybdate tetrahydrate in 3.1 M 
H2SO4 for 10 min on a microplate shaker. Then, 40 µL 0.035% solution of malachite green carbinol 
hydrochloride in 0.35% aqueous polyvinyl alcohol was added and mixed for 20 min on a 
microplate shaker. Absorbance readings at 630 nm were measured using a microplate reader. 
Concentrations of samples were determined using a five-point linear calibration curve in the 
concentration range 0.05 to 1 mg P L-1 (R2 > 0.999). Method accuracy was determined using a 
certified reference phosphate standard with acceptance range of 100±20% (Inorganic Venture, 
Christiansburg, VA). Phosphate detection limit was 0.025 mg P L-1 which was determined by 
multiplying the standard deviation of seven measurements of a 0.05 mg P L-1 standard by 3.14 
(EPA, 2016).  
 Sulfate (SO42-) concentrations in filtered (0.45 µm) water samples were determined within 2 
d after sample collection using a modified BaCl2 turbidimetric reaction (Tabatabai, 1974) which 
was adapted to a microplate format. Briefly, 120 µL sample was pipetted to individual microplate 
wells and mixed with 120 µL of 7% BaCl2 prepared in 0.25% sodium carboxymethyl cellulose and 
0.432 M HCl for 10 min on a microplate shaker. Absorbance readings at 600 nm were measured 
using a microplate reader. Sulfate concentrations of samples were determined using a five-point 
linear calibration curve in the concentration range 5 to 50 mg SO42- L -1(R2 > 0.999). Method 
accuracy was determined using a certified reference sulfate standard with acceptance range of 
100±20% (Ricca Chemical Company, Arlington, TX). Sulfate detection limit was 1.67 mg SO42- L-1 
which was determined by multiplying the standard deviation of seven measurements of a 5 mg 
SO42- L-1 standard by 3.14 (EPA, 2016).  
 Dissolved metals in filtered (0.45 µm) and acidified water samples were determined within 
180 d after sample collection using an Agilent 5110-ICP-OES (Santa Clara, CA). Dissolved metal 
concentrations in samples were determined using a five-point linear calibration curve in the 
concentration range 0.01 to 10 mg L-1 (R2 > 0.999). Method accuracy was determined using a 
certified reference multi-metal ICP standard with acceptance range of 100±20% (Accustandard, 
New Haven, CT). Instrument detection limits for dissolved metal ranged between 0.04 and 22 µg 






concentrations were determined using ICP-OES following method EPA 6010C (EPA, 2007). ICP-MS 
was to determine Se concentrations in samples with concentrations below 50 µg L-1 by EPA 
method 200.8 (EPA, 1994). 
 Redox potentials (Eh) were determined using Pt redox electrode and Accumet calomel 
reference electrode (Fisher Scientific, Waltham, MA) connected to a portable AP62 ph/Eh meter 
(Fisher Scientific, Waltham, MA) as shown in Fig. 2.3 and described in Fiedler et al. (2007) and 
Owens et al. (2005). Prior to use, the accuracy of the Eh measuring system was verified with 
quinhydrone-saturated pH 4 buffer with an acceptable range of 220±5 mV. Eh measurements 
were made by equilibrating Pt electrodes into PAB systems for 3 h. After this period, the calomel 
reference electrode was inserted and the Pt electrode and calomel reference electrode were 
connected to the Eh meter and microvoltage reading was recorded. A value of 243 mV was added 
to the microvoltage reading to correct the calomel reference electrode to the hydrogen electrode 
(Eh) determined at 23oC.  
 Carbon dioxide (CO2) concentrations in the PAB headspace was determined by injecting a 
known volume of headspace gas into the injection port of a GC-8A Shimadzu gas chromatograph 
(Columbia, MD, USA) equipped with a thermal conductivity detector (1500C) and stainless steel 
Porapak N column (2mm id × 2 m; Supelco, Bellefonte, PA, USA) maintained isothermally at 50°C 
with helium as carrier gas (100 kPa). The volume of CO2 introduced to the gas chromatograph was 
determined from the linear calibration curve prepared with 1% CO2 standard (Scott Mini-mix, 
Supelco, Bellefonte, PA) (R2 > 0.999) (D'Angelo and Reddy, 1999). The CO2 volume injected into 
gas chromatograph was divided by injection volume to calculate partial pressure of CO2 in the 
headspace (atm), which was converted to moles CO2 in the headspace using the universal gas law, 
PV=nRT, where P= partial pressure of CO2 in headspace (atm), V= headspace volume (L), n=moles 
CO2, R= universal gas constant (0.082 atm L mol-1 K-1) and T= PAB temperature (296K). The partial 
pressure of CO2 in the headspace was also used to calculate the CO2 concentration dissolved in 
PAB solution using Henry’s Law, Csoln= P x Kh, where Csoln= CO2 concentration in solution (mol 
L-1), P=partial pressure CO2 in headspace (atm), and Kh=Henry’s Law Constant for CO2 (10-1.47 mol 






concentrations in solution and gas phases. Corrections for other dissolved inorganic carbon 
species (i.e. HCO3- and CO32-) were not necessary because they were close to zero at the acidic pH 
values of PAB solutions. 
 Methane (CH4) concentrations in the PAB headspace was determined by injecting a known 
volume of headspace gas into the injection port of using a GC-14A Shimadzu gas chromatograph 
equipped with a flame ionization detector at 295°C, stainless steel Porapak R column (2mm id × 2 
m; Restek, Bellefonte, PA, USA) maintained isothermally at 40°C with N2 (200 kPa) as the carrier 
gas, air (50 kPa) and H2 (100kPa). Methane volume introduced to the gas chromatograph was 
determined from the linear calibration curve prepared with 1% CH4 standard (Scott Mini-mix, 
Supelco, Bellefonte, PA) (R2 > 0.999) (D'Angelo and Reddy, 1999) which was used to determine 
partial pressure of CH4 in headspace and concentrations in PAB solution as described for CO2, 
except using a Henry’s Law Constant of 10-2.87 mol L-1 atm-1 at 23oC (Sander, 1999). 
 Nitrous oxide (N2O) concentration in PAB headspace was determined by injecting a known 
volume of headspace gas into the injection port of a GC-14A Shimadzu gas chromatograph 
equipped with an electron capture detector at 295°C, stainless steel Porapak Q column (2mm id 
× 2 m; Supelco, Bellefonte, PA, USA) maintained isothermally at 40°C with N2 (200 kPa). Nitrous 
oxide volume introduced to the gas chromatograph was determined from the linear calibration 
curve prepared with 100 ppm N2O standard (Scott Mini-mix, Supelco, Bellefonte, PA) (R2 > 0.999) 
(D’Angelo and Reddy, 1993; Mosier and Klemedtsson, 1994), which was used to calculate partial 
pressure of N2O in headspace and concentration in PAB solution as described for other gases, 
except using a Henry’s Law Constant of 10-1.59 mol L-1 atm-1 at 23oC (Sander, 1999). 
2.7 Water quality index calculations 
 An important goal of this project was to determine the effect of organic substrates on the 
production of pollutants in PAB effluents which could adversely water or air quality. To achieve 






gases produced in PAB systems were used to compute the Canadian Council of Ministers of the 
Environment Water Quality Index (CCME-WQI) (CCME, 2001; 2017; Khan et al., 2005).  
 The CCME-WQI has been used extensively in Canada and throughout the world to 
communicate the state of water quality in numerous sectors, including drinking water, ambient 
water, aquaculture, and forested watersheds (CCME, 2017). The index is determined by 
comparing measured concentrations in a system with water quality guideline concentrations. In 
this study, the concentrations of selected constituents in PAB systems were compared to those in 
Appalachian streams which were not impacted by coal slurry impoundments (Bryant et al., 2002; 
Griffith et al., 2012) (Table 2.2). Since greenhouse gas concentrations (i.e. CO2, CH4, and N2O) were 
not determined in these studies, CO2 concentrations in streams were estimated at 9 mg L-1 from 
alkalinity 20 mg CaCO3 L-1, and CH4 and N2O concentrations were  estimated at 4.32x10-5 mg L-1 
and 3.66x10-4 mg L-1, respectively which were calculated from 2021 CH4 and N2O atmospheric 
concentrations 1.89x10-6 atm and 3.33x10-7 atm (Dlugokencky, 2021) and Henry’s Law constants 
10-2.87, and 10-1.59 mol L-1 atm-1 for CH4, and N2O, respectively (Sander, 1999). 
The CCME-WQI calculation produces a single score (0-100) calculated three measures of 
water quality variance against guideline concentrations, which are referred to as Scope (F1), 
Frequency (F2), and Amplitude (F3) as defined and computed in equations 1-7 (CCME, 2001; Khan 
et al., 2005).  
Scope (F1) is number of chemical parameters that failed to meet water quality guideline 
concentrations divided by the total number of measured parameters, as shown in equation 2.1. 
The parameters and guideline concentrations used in this study are provided in Table 2.2.  
F1 = (
𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁 𝑜𝑜𝑜𝑜 𝑜𝑜𝑓𝑓𝑓𝑓𝑓𝑓𝑁𝑁𝑓𝑓 𝑝𝑝𝑓𝑓𝑁𝑁𝑓𝑓𝑁𝑁𝑁𝑁𝑝𝑝𝑁𝑁𝑁𝑁𝑝𝑝
𝑇𝑇𝑜𝑜𝑝𝑝𝑓𝑓𝑓𝑓 𝑛𝑛𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁 𝑜𝑜𝑜𝑜 𝑁𝑁𝑁𝑁𝑓𝑓𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑓𝑓 𝑝𝑝𝑓𝑓𝑁𝑁𝑓𝑓𝑁𝑁𝑁𝑁𝑝𝑝𝑁𝑁𝑁𝑁𝑝𝑝
) × 100     equation 2.1 
Frequency (F2) is the number of times that measurements failed to meet water quality 
guidelines divided by the total number of measurements, as shown in equation 2.2. In this study, 
the total number of measurements in each PAB and maturation period was 24, which was 






Table 2.2 Guideline concentrations used to calculate Canadian Council of Ministers of the 






Parameters Unit Value 
pH (H+ concentration) µM 0.166 
Electrical conductivity  mS cm -1 0.07 
Total nitrogen mg L-1 0.81 
Phosphorous mg L-1 0.05 
Sulfate mg L-1 13 
Dissolved organic carbon mg L-1 2.5 
Selenium mg L-1 0.002 
Nickel mg L-1 0.01 
Zinc mg L-1 0.001 
Iron mg L-1 0.22 
Carbon dioxide mg L-1 9 
Methane mg L-1 4.32x10-5 







they were measured at 15 and 32 d. Measurements at these times (and not earlier times) were 
used in the WQI calculation because they reflect concentrations in PAB effluents at recommended 
hydraulic retention time (I.e. when Se concentration reached minimum values).   
F2 = (
𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁 𝑜𝑜𝑜𝑜 𝑜𝑜𝑓𝑓𝑓𝑓𝑓𝑓𝑁𝑁𝑓𝑓 𝑁𝑁𝑁𝑁𝑓𝑓𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑛𝑛𝑝𝑝𝑝𝑝
𝑇𝑇𝑜𝑜𝑝𝑝𝑓𝑓𝑓𝑓 𝑛𝑛𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁 𝑜𝑜𝑜𝑜 𝑁𝑁𝑁𝑁𝑓𝑓𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑛𝑛𝑝𝑝𝑝𝑝
) × 100     equation 2.2 
Amplitude (F3) represents the extent that failed test parameters deviated from water quality 
guidelines, which is calculated in three steps. In the first step, the measured concentration is 
compared to the guideline concentration which is referred to as “Excursion”.  
For parameters in which the failed concentration should be lower than the guideline 




) – 1     equation 2.3 
For parameters in which the failed concentration should be higher than the guideline 




) – 1     equation 2.4 
In this study, excursion for all failed parameters was determined using equation 2.3, including 
pH after converting to H+ concentration. 
In the second step of the Amplitude (F3) calculation, all excursions were summed and divided 
by the total number of measurements, which is referred to as normalized sum of excursions (nse), 
as shown in equation 2.5. The total number of measurements for each PAB and maturation time 
was 24. 
nse = 𝛴𝛴 𝐸𝐸𝐸𝐸𝑐𝑐𝑁𝑁𝑁𝑁𝑝𝑝𝑓𝑓𝑜𝑜𝑛𝑛𝑝𝑝
𝑇𝑇𝑜𝑜𝑝𝑝𝑓𝑓𝑓𝑓 𝑛𝑛𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁 𝑜𝑜𝑜𝑜 𝑁𝑁𝑁𝑁𝑓𝑓𝑝𝑝𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑁𝑛𝑛𝑝𝑝𝑝𝑝
       equation 2.5 
In the third step of the Amplitude (F3) calculation, the nse value was used to calculate F3, as 










Finally, F1, F2, and F3 values were used to calculate the CCME-WQI, as shown in equation 2.7:  
CCME-WQI  = 100 - 
�𝐹𝐹12+𝐹𝐹22 +𝐹𝐹32
1.732
        equation 2.7 
where 1.732 was used to normalize the CCME-WQI to between 0 and 100. According the CCME-
WQI User’s Manual (CCME, 2001, 2017; Khan et al., 2005), CCME-WQI  scores for excellent, good, 
fair, marginal, and poor water quality are 95-100, 80-94, 65-79, 45-64, and 0-44, respectively.  
In this study, CCME-WQI were determined for PAB systems with four substrates in triplicate 
and four maturation times in order to determine if PAB effluent quality was significantly affected 
by type of organic substrate and maturation time.   
2.8 Statistical analysis 
Significant differences in the chemical concentrations and water quality indices in PAB 
systems were determined by analysis of variance (ANOVA) and Tukey’s Honestly Significant 
Difference tests (HSD) at a significance level of p = 0.05. All statistical analyses were performed 







 RESULTS AND DISCUSSION 
3.1  Porosity and saturated packing density of water-saturated organic substrates  
  
Total porosity, which is the relative volume of water-filled pores compared to the total 
volume of pores and solids of the saturated organic substrate, ranged between 0.79 and 0.89 cm3 
water cm-3 and was significantly different between substrates (Table 3.1). Total porosity was 
significantly higher in MC and SG compared to WC, which was mainly because primary porosity 
was different between substrates. Total porosity values were in the same range as measured in 
other materials dominated by plant biomass, including wood Chips in PAB bioreactors (Hoover et 
al., 2016; Robertson, 2010), and peat (Boelter, 1969) 
Total porosity was broken down into primary (gravitational) and secondary porosity and 
were determined because of their influence on hydraulic conductivity/clogging and extent of 
pollutant interactions with biofilms that grow on substrate surfaces in PAB systems (Ma et al., 
2020). Primary porosity of the four saturated organic substrates, which is the relative volume of 
water that readily drains compared to total saturated substrate volume, ranged between 0.48 
and 0.66 cm3 water cm-3 (Table 3.1). Primary porosity was significantly lower in WC than other 
substrates. Primary porosity was in the same range found in woodchips denitrification bioreactor 
studies (Hoover et al., 2016; Robertson, 2010). Primary porosity was significantly lower in WC 
than other substrates likely because they packed more tightly than other leafy substrates (Table 
3.1). Saturated packing density (i.e. the ratio of air dry substrates to the total saturated volume of 
substrates) was significantly higher in WC than other substrates (Table 3.1). Saturated packing 
density is useful for calculating the required mass substrate needed to build PABs with given 
volume (saturated packing density × 𝑇𝑇𝑇𝑇𝑇𝑇𝑇𝑇𝑇𝑇 𝑃𝑃𝑃𝑃𝑃𝑃 𝑣𝑣𝑇𝑇𝑇𝑇𝑣𝑣𝑣𝑣𝑣𝑣 ). From this relationship, a greater 
mass of WC will be required for a given PAB volume compared to other organic substrates. 
Secondary porosity is the relative volume of water that is retained in organic substrate 






water cm-3 (Table 3.1). The secondary porosity of woodchips was comparable with 0.30 cm3 water 
cm-3 reported in woodchips denitrification bioreactor studies (Hoover et al., 2016; Robertson, 
2010). Secondary porosity was significantly higher in WC than other substrates, which indicated 







Table 3.1 Total, primary, and secondary porosities, and saturated packing density of four organic substrates used in passive anaerobic 
bioreactors in the study. Each value represents the mean of three analytical replications ± one standard deviation. Values followed by the 
same letter are not significantly different a p-value of 0.05, as determined by ANOVA and Tukey’s Honestly Significant Difference Test. 
 
 
Parameter Units Organic substrate  
  Wood Chips Miscanthus Switchgrass Timothy Hay p 
Total porosity cm3 water cm-3 0.79±0.04 b 0.89±0.01 a 0.89±0.02 a 0.87±0.06 ab 0.029 
Primary porosity cm3 water cm-3 0.48±0.04 b 0.63±0.01 a 0.66±0.02 a 0.64±0.08 a 0.004 
Secondary porosity cm3 water cm-3 0.31±0.01 a 0.26±0.01 ab 0.23±0.00 b 0.23±0.02 b 0.005 
Saturated packing 
density g substrate cm












3.2 Total carbon, nitrogen, and distribution of organic carbon pools in organic substrates  
Total carbon of substrates ranged between 390 g C kg-1 and 413 g C kg-1 (39-41% of dry weight) 
and were not significantly different among substrates (Table 3.2). Total organic carbon contents 
were comparable with concentrations measured in leaves, stems, and woody biomass in other 
studies (Lopez-Ponnada et al., 2017; Martin et al., 2014).  
Total Kjeldahl-N (TKN), which represents total organic and inorganic nitrogen (NH4++NO3-
+NO2-), ranged between 0.6 g N kg-1 to 8.4 g N kg-1 (Table 3.2).  Total N concentrations were 
comparable with concentrations measured in leaves, stems and woody biomass in other studies 
(Martin et al., 2014; McClaugherty et al., 1985). The TKN was significantly higher in TH and 
significantly lower in WC compared to MC and SG.  Differences in TKN in substrates mostly 
reflected differences in organic N (e.g. proteins) based on the fact that all substrates contained 
very low water extractable inorganic N (<5% of TKN; see Section 3.4). Higher TKN in TH was likely 
due to higher concentrations of proteins found in chloroplasts in leaf blade parenchyma cells 
relative to concentrations in cell walls and other organelles of cells that made up tissues of mostly 
stem organs in other substrates (Kotowska et al., 2020; Shi et al., 2015). Higher total organic N in 
TH suggests that it would provide greater supply of nitrogen for protein synthesis and bacterial 
growth in PAB with this substrate compared to PABs with the other substrates.   
Differences in TKN in substrates were reflected as significant differences in C:N ratios, with 
significantly lower C:N ratio in TH (78 mole C mol N-1) and significantly higher ratio in WC (837 
mole C mol N-1) compared to other two substrates (255-307 mole C mol N-1 ) (Table 3.2). The C:N 
ratios of substrates were consistent with those measured in leaves, stems, and woody biomass in 








Table 3.2 Organic carbon distribution in four operationally-defined pools and total Kjeldahl nitrogen in four organic substrates used in 
passive anaerobic bioreactors in this study. Each value represents the mean of three analytical replications ± one standard deviation. 
Values followed by the same letter are not significantly different a p-value of 0.05, as determined by ANOVA and Tukey’s Honestly 






Property Units   Organic substrate 
  Wood Chips  Miscanthus  Switchgrass  Timothy 
Hay 
 P value 
Total-C g C kg-1 405 ± 15  413 ± 3  412 ± 8  390 ± 5  0.048 
Total Kjeldahl-N g N kg-1 0.6 ± 0.2 c 1.6 ± 0.2 bc 2.7 ± 0.2 b 8.4 ± 0.9 a 0.000 
C: N  mole C mole N-1 837 ± 328  a 307 ± 30 b 255 ± 15 b 78 ± 5 c 0.001 
Lipid-C % of total C 1.2 ± 0.3 b 1.4 ± 0.1 b 3.0 ± 0.3 a 3.0 ± 0.2 a 0.000 
Water soluble organic C % of total C 5 ± 0.4 c 8 ± 2 bc 10 ± 0.9 b 44 ± 1.5 a 0.000 
Acid hydrolysable organic-C % of total C 43 ± 7  55 ± 14  46 ± 13  41 ± 4  0.418 








predictor of net balance between mineralization and assimilation of inorganic N, with 
mineralization usually exceeding assimilation when C: N is <25 (USDA, 2011). C:N ratios of all 
substrates were >78, so net inorganic N assimilation was expected in all PAB systems with these 
substrates.  
Differences in C:N ratios in substrates hinted that there could be differences in the chemical 
composition of organic C pools, which was supported by results from the organic carbon 
fractionation procedure (Table 3.2). Dichloromethane extractable organic C (DCMOC), which 
represents non-polar extractive compounds (e.g. waxes, lipids, and oils), ranged between 1.2% 
and 3 % of the total organic carbon concentrations of substrates. DCM extractable organic C were 
comparable to concentrations measured in leaves, stem and woody biomass in other studies 
(D’Angelo et al., 2005; Thiffault et al., 2008). The DCM extractable organic C was significantly 
higher in TH and SG compared to MC or WC, which indicated that TH and SG contained higher 
concentrations of waxes, lipids, and oils, such as found in cell membranes and dehydration-
protective cuticles of epidermal cells in leaves and stems (Reszczyńska and Hanaka, 2020; Zhang 
et al., 2017). Low concentrations and low water solubility of this fraction in all substrates, 
however, indicated that it would probably not be very bioavailable or serve as a major electron 
donor for anaerobic bacteria growth and activity in PAB systems with these substrates.  
Water soluble organic C (WSOC), which represents polar extractive molecules (e.g. simple 
sugars, starch, phenols, amino acids), ranged between 5 % and 44% of total organic carbon 
concentrations of substrates (Table 3.2).  Water soluble organic C concentrations were in the 
same range as measured in leaves, stems and woody biomass in other studies (D’Angelo et al., 
2005; Thiffault et al., 2008). The WSOC was significantly higher in TH and was significantly lower 
in WC compared with MC and SG. Higher WSOC in TH was likely attributed to higher 
concentrations of simple sugars, starch, amino acids and other low molecular weight organic 
compounds in leaf blades compared to concentrations in the cells of stems and woody biomass 






of bioavailable organic C for bacterial growth and activity in PABs than would be provided by other 
substrates.   
Acid hydrolyzable organic carbon (AHOC), which represents carbon in polysaccharides (e.g., 
cellulose, hemicellulose) amino sugars and proteins, ranged between 41% and 55% of total 
organic carbon of substrates (Table 3.2).  Acid hydrolyzable organic carbon concentrations were 
comparable to those measured in leaves, stems, and woody biomass in other studies (D’Angelo 
et al., 2005; Thiffault et al., 2008). The AHOC was not significantly different in the four substrates, 
which indicated that the sum concentrations of cellulose, hemicellulose, and other organic 
compounds obtained in this extraction step were similar.  Importantly, the different chemical 
components obtained in this fraction differ considerably in their bioavailability; hemicellulose 
which is more prevalent in leaves (Qaseem and Wu, 2020), for example, is more bioavailable to 
anaerobic degradation than cellulose which is more prevalent in stems and woody biomass 
(Kögel-Knabner, 2002).  Unfortunately, concentrations of individual compounds could not be 
obtained using the extraction protocol, so it is difficult to predict how organic C bioavailability in 
PAB with the substrates might be different based on concentrations of organic C in the AHOC 
fraction.         
Non-extractable organic carbon (NEOC), which represents primarily lignin, ranged between 
12% and 51% of total organic carbon concentrations of substrates (Table 3.2).  Non-extractable 
organic carbon concentrations were comparable to concentrations measured in leaves, stems and 
woody biomass in other studies (D’Angelo et al., 2005; Thiffault et al., 2008). The NEOC was 
significantly higher in WC and SG than in other two substrates, which was likely attributed to 
greater prevalence of cells with thicker, lignin-enriched secondary cell walls (Christensen and 
Rasmussen, 2019; Zhang et al., 2018). Lignin is highly recalcitrant against anaerobic 
decomposition (Kirk and Farrell, 1987; Kögel-Knabner, 2002), so higher lignin concentrations in 
WC suggests it would be poorer sources of bioavailable electron donors for bacteria growth and 






Assuming all organic carbon fractions except DCMOC and NEOC are bioavailable for anaerobic 
decomposition, the order of organic carbon availability in substrates are predicted to be TH (85% 
of total C) > MC (63%) > SG (56%) > WC (48%).  
3.3 Total element concentrations in substrates       
Several total element concentrations, which were a combination of organic and inorganic 
forms, varied significantly among substrates (Table 3.2). Overall, total element concentrations 
were comparable with those measured in leaves, stems, and woody biomass in other studies 
(Bedoić et al., 2019; Chandrasekaran et al., 2012). Several total elements were significantly higher 
in TH (K, Mg, P, S, and V), compared to other substrates. Differences in total element 
concentrations among substrates could be attributed to differences in supply characteristics of 
the soils (e.g. bioavailable concentrations in soil, diffusion, and mass flux to roots) and influx 
characteristics of roots and through plants (e.g. active and passive ion influx kinetics) (Andresen 
et al., 2018; Barber, 1995). Substrates with higher total element concentrations could potentially 
contribute to higher concentrations to effluent in PAB systems; total concentrations, however, 
include both available and non-available elements so would likely overestimate effluent 
concentrations, especially over the short-term.  To better estimate element concentrations in PAB 
effluents, a simple water extraction procedure was conducted, the results of which are discussed 







 Table 3.3  Total element concentrations of four organic substrates used in passive anaerobic bioreactors used in the study. Each value 
represents the mean of two replications ± one standard deviation. MDL= method detection limit was determined from instrument 
detection limit and sample mass and digestion volume used in the total element digestion procedure (Section 2.2.3). Mean values followed 
by the same letter are not significantly different a p-value of 0.05, as determined by ANOVA and Tukey’s Honestly Significant Difference 
Test.  
  
Property Units MDL Organic substrate  
   Wood Chips Miscanthus Switchgrass Timothy Hay P 
Al mg kg-1 0.3 54±17  39±11  38±1  38±3  0.674 
As mg kg-1 0.4 < MDL  < MDL  < MDL  < MDL   
Ba mg kg-1 0.01 18±1 a 20±0 a 14 ±0 b 10 ±0 c 0.001 
Ca mg kg-1 0.5 1127±120 b 2118±13 a 2183±101 a 2237±91 a 0.003 
Cd mg kg-1 0.02 < MDL  < MDL  < MDL  < MDL   
Co mg kg-1 0.07 < MDL  < MDL  < MDL  < MDL   
Cr mg kg-1 0.06 1.1±0 b 1.1±0 c 1.1±0 d 1.3±0 a 0.000 
Cu mg kg-1 0.06 3±0.54 b 1±0 a 3±0 b 4±0 b 0.007 
Fe mg kg-1 0.06 42±9  60±2  53±3  58±2  0.159 
K mg kg-1 2 1013±50 b 1459±20 b 1978±53 b 17116±683 a 0.000 
Mg mg kg-1 0.5 133±9 c 719±5 b 906±30 b 1532±77 a 0.000 
Mn mg kg-1 0.01 46±3 b 93±2 a 37±1 bc 27±1 c 0.000 
Na mg kg-1 1 36 ±6 c 50±1 bc 72±2 a 64±1 ab 0.004 
Ni mg kg-1 0.1 2.2±1  < MDL  0.5±1  1±0.00  0.206 








*Sulfur concentrations are often expressed as sulfate.  To convert sulfur (S) to sulfate (SO42-) multiply values in table by three, which 
equals ratio of formula weights of sulfate (96 gmol-1) and sulfur (32 gmol-1)  
Table 3.3 continued 
Property Units MDL Organic substrate  
   Wood Chips Miscanthus Switchgrass Timothy Hay P 
Pb  mg kg-1 0.2 < MDL  < MDL   < MDL   < MDL    
S*  mg kg-1 na 198 ±41 d 379±13 c 590±12 b 1232±21 a 0.000 
Se mg kg-1 0.4 4±1  4±1  6±3  6±1  0.578 
V mg kg-1 0.05 < MDL b < MDL b 0.5±0.5 ab 1±0.0 a 0.009 







3.4 Water extractable elements in organic substrates 
Water-extractable element concentrations of organic substrates, determined using the 
procedure described in Section 2.2.4, represented the fraction of the total element 
concentrations that would be most readily released from substrates to PAB effluents. Numerous 
water extractable elements were determined; only those included in the Water Quality Index 
equation (Table 2.2) are discussed.  Unfortunately, relatively few other studies have evaluated 
water extractable element concentrations in plant biomass (compared to total element 
concentrations) but comparisons were provided when available.   
Electrical conductivity (EC) of organic substrates, which is related to concentrations and 
charges of cations and anions released during the water extraction (McCleskey et al., 2012; USDA, 
2011), ranged between 0.07 and 2.18 mS cm-1 (Table 3.4).  The EC values were in the same range 
measured in leaves, stems, and woody biomass in other studies (Vassilev and Vassileva, 2019). 
The EC was significantly higher in TH, followed by MC, SG, and WC, which mostly due to higher 
concentrations of dissolved Ca, K, Mg, SO42- and PO43--P (Table 3.8).  Except for TH, EC values of 
substrates by water extraction method were considerably lower than coal slurry (EC of coal slurry 
was 2.4 MS cm-1). So it is unlikely that PAB systems with WC, MC and SG would have higher EC 
than background coal slurry.  
The pH of organic substrates, which was a measure of their hydrogen ion concentrations, 
ranged between pH 3.6 and 4.8, which were not significantly different between substrates (Table 
3.4).  The pH of leaves, stems, and woody biomass determined in other studies were also found 
to be quite acidic (Gibson and Watt, 2010; Pavinato et al., 2008; Vassilev and Vassileva, 2019).  






Table 3.4 Water content, electrical conductivity, pH, and water-extractable elements of four organic substrates used in passive anaerobic 
bioreactors in the study. Each value represents the mean of three replications ± one standard deviation.  MDL=method detection limit. Mean 
values followed by the same letter are not significantly different a p-value of 0.05, as determined ANOVA and Tukey’s Honestly Significant 
Difference Test. 
  
Property Units MDL Organic Substrate 
  Wood Chips Miscanthus Switchgrass Timothy Hay  P value 
Water content g g- 1 - 0.1±0.02 b 0.04±0.04 b 0.3±0.08 b 0.1±0.01 a 0.005 
Electrical 
conductivity 
mS cm-1 - 0.07±0.05 c 0.50±0.02 b 0.40±0.03 b 2.18±0.06 a 0.000 
pH  - 3.7±0.1  3.6±0.6  3.7±0.6  4.8±0.7  0.087 
Organic carbon mg kg-1 97 4020±480 d 10482±787 c 14117±20 b 81222±135 a 0.000 
Phosphate-P mg kg-1 0.8 18 ± 4 d 1079±0 b 402±3 c 1444±0.9 a 0.000 
Sulfate mg kg-1 50 334±38 b 379±55 b 519±41 b 1178±3 a 0.000 
Ammonium-N mg kg-1 1 10±0.5 b 26±6 a 15±7 b 7±0.7 c 0.001 
Nitrate+nitrite-
N 
mg kg-1 3 < MDL  < MDL  < MDL  4±3  0.419 
Al mg kg-1 0.1 < MDL  3±0  < MDL  < MDL  0.052 
As mg kg-1 0.1 < MDL  < MDL  < MDL  < MDL  0.441 
B mg kg-1 0.03 12±7  14±5  5±2  8±4  0.243 








Table 3.4 continued     
Property Units MDL Organic Substrate Property Units 
   Wood Chips  Miscanthus  Switchgrass  Timothy Hay  P value 
Ca mg kg-1 0.16 47±13 d 989±8 b 207±3 c 1105±25 a 0.000 
Cd mg kg-1 0.01 < MDL  < MDL  < MDL  < MDL   
Co mg kg-1 0.02 < MDL  < MDL  < MDL  < MDL   
Cr mg kg-1 0.02 < MDL  < MDL  < MDL  < MDL   
Cu mg kg-1 0.02 < MDL  < MDL  1±2  2±2  0.219 
Fe mg kg-1 0.02 6±2  7±3  6±2  6±4  0.827 
K mg kg-1 0.72 596±9 d 1297±45 c 1632±10 b 12746±101 a 0.000 
Li mg kg-1 0.00 43±3  23 ±3  41±28  13±10  0.117 
Mg mg kg-1 0.15 15±1 d 505±7 b 395±8 c 998±14 a 0.000 
Mn mg kg-1 0.00 3±0 c 42±2 a 10±2 b 12±2 b 0.000 
Na mg kg-1 0.34 23±8 b 52±13 a 57±2 a 8±3 b 0.000 
Ni mg kg-1 0.03 < MDL  < MDL  < MDL  < MDL   
Pb mg kg-1 0.06 < MDL  < MDL  < MDL  < MDL   
Rb  mg kg-1  20±7  10±13  < MDL  19±5  0.060 
Se  mg kg-1 0.10 < MDL  < MDL  < MDL  < MDL  0.596 
Sr mg kg-1 0.00 < MDL b 3±0 a < MDL b 6±2 a 0.000 
U mg kg-1  < MDL  < MDL  < MDL  < MDL   
V  mg kg-1 0.01 < MDL   < MDL  < MDL  < MDL   







acetic and formic acids in water (Gibson and Watt, 2010). Therefore, it was expected that pH of 
effluents of PAB with these substrates would initially be quite acidic but could change over time 
depending on types of biochemical reactions in PAB systems. 
Water-soluble organic carbon (WSOC) of organic substrates, which represented 
concentrations of the most water-soluble, small molecular weight organic compounds (e.g. simple 
sugars, phenols, and amino acids), ranged between 4020 and 81222 mg kg-1 (Table 3.4). The WSOC 
was significantly higher in TH followed by SG, MC, and WC, which was consistent with the order 
of organic C concentrations in the water extracts of organic substrates determined in the organic 
carbon fractionation procedure (Table 3.2). WSOC concentrations determined in the 2-hour 
extraction method, however, were considerably lower those obtained in the organic carbon 
fractionation procedure by (18-45%), which was likely due to differences in extraction procedures 
(e.g. ambient temperature/pressure vs autoclave 121oC/15 psi).  Nevertheless, higher water 
extractable organic carbon in TH determined by both procedures suggested that TH contained 
higher concentrations of bioavailable organic carbon that could potentially serve as electron 
donors and carbon sources for anaerobic microbial communities in PAB systems (at least over the 
short-term). 
Water-soluble reactive P concentrations (WSRP) of organic substrates, which represented 
H2PO4- (at pH 3-5) and probably a lesser extent concentrations of small molecular weight inorganic 
and organic P compounds hydrolyzed under the acidic conditions of the colorimetric assay, ranged 
between 18 and 1444 mg kg-1 (Table 3.4). The WSRP was significantly higher in TH, followed by 
MC, SG, and WC, which was consistent with results from total P analysis (Table 3.3).  As expected, 
WSRP was lower than TP by (28-91%) because the water extraction procedure does not include 
concentrations of numerous organic P compounds found in plant biomass (e.g. nucleic acids and 
phospholipids) which are measured by total digestion procedure (Rausch and Bucher, 2002). 
Differences in WSRP  among substrates in this study (and other element concentrations listed in 
Table 3.4), and in other studies (Garland, 1992) could be attributed to differences in supply 
characteristics of the soils, influx characteristics of roots, and transport/storage between and 






WSRP concentrations in TH suggested that more bioavailable P would be released from TH than 
other substrates in PAB systems over the short term.    
Water-soluble sulfate (WSS) concentrations in organic substrates ranged between 334 and 
1178 mg kg-1 and was significantly higher in TH than other substrates (Table 3.4). The WSS 
concentrations in organic substrates were considerably lower than total S concentrations shown 
in Table 3.2 (29-56 %) because the water extraction procedure did not include many organic S 
compounds commonly found in plant tissues (e.g. thiol groups of proteins and non-proteins 
molecules, iron-sulfur cluster molecules) (Nakai and Maruyama-Nakashita, 2020; Takahashi, 
2019). Higher WSS in TH suggested that more sulfate would be released from TH than other 
substrates in PAB systems over the short term. However, considering the high sulfate 
concentrations in coal slurry (1110 mg L-1; Table 2.1), it is unlikely that WSS differences in 
substrates would be evident in sulfate concentrations in PAB effluents.   
Water-soluble inorganic nitrogen (WSIN) in organic substrates, including NH4++NO3-+NO2- 
would be considered the most bioavailable N forms for uptake and utilization by microorganisms 
in PAB systems.  In all substrates, the concentrations of NO3-+NO2- were at or near the detection 
limit, so WSIN in substrates consisted primarily of NH4+ which ranged between 7 to 26 mg kg-1  
(Table 3.4). Ammonium concentration was significantly higher in MC followed by SG, WC, and TH.  
In all substrates, WSIN made up a small fraction of total N (<5%) (Table 3.2), which indicated that 
most TN in plant tissues consisted of amino acids, amides, amino acids, and proteins (Mansour, 
2000).  Low WSIN concentrations and high TKN concentrations suggest that very little WSIN would 
be released from substrates over the short-term, but higher concentrations could be released 
with time as organic N is mineralized to WSIN.   
Water-soluble Zn in organic substrates, which represented water-extractable organic and 
inorganic Zn in plant cells ranged between 7 to 30 mg kg-1 (Table 3.4). Water-soluble Zn was 
significantly higher in SG followed by TH, MC, and WC, which was also consistent with the order 






%) because water extraction does not include numerous Zn containing organic and inorganic 
compounds in plant biomass (e.g. proteins, enzymes ) (Andresen et al., 2018). 
 Water-soluble Fe averaged 6 mg kg-1, which 10 times less than total Fe, which were not 
significantly different between substrates (Table 3.4). Water soluble Ni and Se concentrations 
were below method detection limits in all substrates (<0.1 mg kg-1).  Importantly, low water 
extractable Se suggests that very little would be readily released from organic substrates in the 
PAB systems.   
3.5 Selenium removal rate and efficiency 
Se removal rates and efficiencies were evaluated in PABs prepared with four organic 
substrates at 0-1, 1-2, 3-4, and 6-7 month maturation periods.  The types of organic substrate and 
maturation times in PAB had significant effects on Se removal rates and efficiencies (Fig. 3.1; 
Tables 3.5 and 3.6). 
In the first 5 d of the 0-1 month maturation period, Se was rapidly removed in all PAB with 
the different substrates except PAB with WC, with Se removal rates ranging between 0.008 and 
0.091 mg L-1d-1 (Fig. 3.1a; Table 3.5). These rates equate to PAB volume basis ranged between 4 
and 58 mg m-3 d-1, which were in the same range of other bioreactor studies (Rutkowski et al., 
2010) . Se removal rates were significantly higher in TH followed by SG and MC, and finally by WC. 
Between 5 and 15 d, Se was also removed in PAB with WC at a rate of 0.036 mg L-1d-1.  By 15 d, Se 
concentrations in all PAB decreased to about 0.05 mg L-1 which corresponded to Se removal 
efficiencies between 82-95 % (Table 3.6).  Possible reasons for incomplete Se removal and 
differences in removal rates will be discussed below. 
After replacing coal slurry in the 1-2 month maturation period, Se concentrations 
immediately decreased by 30-40% in the first day which was primarily due to dilution by the liquid 
that remained in PABs from the 0-1 month maturation (Fig. 3.1b).  Between 1 and 15 d, Se removal 
rates in PAB with the different substrates averaged 0.016 mg L-1d-1  which were not significantly 







Figure 3.1   Changes in selenium (Se) concentration in passive anaerobic bioreactors with Wood 
Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation (a) 0-1 
month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of three 
replications if differences in mean value between treatments is greater than the Tukey’s HSD than 
means are significantly different at P value 0.05. Median Se concentration in unmined 
Appalachian streams is 0.0015 mg L-1 (Bryant et al., 2002; Griffith et al., 2012).  
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 Table 3.5 Selenium reduction rates in solutionƚ of passive anaerobic bioreactors with Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and 
Timothy Hay (TH) during 0-1, 1-2, 3-4, and 6-7 month maturation periods.  Each value represents the mean of three replications ± one standard 
deviation. Values followed by the same letter are not significantly different a p-value of 0.05, as determined by Tukey’s Honestly Significant 
Difference Test.  
  
Maturation period Wood Chips Miscanthus Switchgrass Timothy Hay p-value 
Months -----------------------------------------------------------mg L-1d-1 ƚ-------------------------------------------------  
0-1 0.008±0 c 0.053±0 b 0.062±0 b 0.091±0 a 0.000 
1-2 0.021±0  0.015±0  0.014±0  0.014±0  0.353 
3-4 0.017±0 a 0.013±0 b 0.010±0 bc 0.007±0 c 0.000 
6-7 0.016±0 a 0.026±0 a 0.023±0 a 0.000±0 b 0.005 
ƚ To convert Se reduction rates in solution (mg L-1d-1) to PAB volume (mg L-1d-1) multiply selenium reduction rate in solution by primary 
 porosity, which were 0.48, 0.63, 0.66, and 0.64 cm3 water cm-3 for WC, MC, SG and TH respectively (Table 3.1). 
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 Table 3.6 Selenium removal efficiencies in 15 days in passive anaerobic bioreactors with Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), 
and Timothy Hay (TH) during 0-1, 1-2, 3-4, and  6-7 month maturation periods.  Each value represents the mean of three replications ± one standard 
deviation. Values followed by the same letter are not significantly different a p-value of 0.05, as determined by Tukey’s Honestly Significant 
Difference Test.  
  
Maturation period  Wood Chips Miscanthus Switchgrass Timothy Hay p-value 
Month ------------------------------------------------------------------%------------------------------------------------  
0-1 82±3 b 91±1 a 95±0.4 a 90±3 a 0.004 
1-2 83±9  78±4  67±19  87±5  0.265 
3-4 94±3 a 92±2 ab 73±17 ab 70±1 b 0.019 




concentrations between 0.05 to 0.24 mg L-1, which equated to maximum Se removal efficiencies 
of 67-87 % (Table 3.6).    
After replacing coal slurry in the 3-4 month maturation period, Se concentrations immediately 
decreased in the first day due to dilution (Fig. 3.1c). Between 1 and 15 d, Se removal rates in PAB 
with different substrates ranged between 0.007 and 0.017 mg L-1d-1 , with significantly higher rates 
in PAB with WC, followed by MC and SG, and TH (Table 3.5). By day 15, Se stabilized at minimum 
concentrations between 0.02 to 0.22 mg L-1  which were equivalent to Se removal efficiencies of 
70-94 % (Table 3.6).    
After replacing coal slurry in the 6-7 month maturation period, Se concentrations rapidly 
decreased in the first day (by dilution), and then Se concentrations decreased at rates between 0 
and 0.026 mg L-1d-1 between 1 to 10 or 15 d, with significantly higher rates in PAB with WC, MC, 
and SG than in PAB with TH (Fig. 3.1d; Table 3.5).  Interestingly, the order of Se removal rates in 
PAB with different substrates was opposite of rates measured in the 0-1 month maturation 
period. By 15 d, Se concentrations in PAB with MC, SG, and WC stabilized at minimum 
concentrations between 0.01 to 0.12 mg L-1 or 86-95% Se removal efficiency (Table 3.6).  Se 
concentration in PAB with TH decreased to only 0.28 mg L-1 or 40% Se removal efficiency which 
was mostly due to dilution by the liquid in PAB from the previous maturation period in the first 
day after slurry replacement, rather than bioreduction.    
Wide ranging Se removal rates and efficiencies in this study could be due to numerous factors 
(Table 3.7). Probably one of the most important factors that affected Se removal in PAB was 
amounts of bioavailable organic carbon available to support the electron donor needs of Se-
reducing populations.  For example, in PAB with TH, selenium removal rates were highest at the 
earlier maturation times when respirable organic C was also highest (Section 3.6.2). Compared to 
PAB with TH, amounts of respirable organic C and Se removal rates were lower but were more 
consistent in PAB with other substrates with increasing maturation time.  Interestingly, at the 6-
7 month maturation period, Se removal rates in PAB with MC, SG, and WC exceeded those in PAB 
with TH.  The importance of bioavailable organic C on Se removal rates was supported by results 
in another study that showed that Se removal rates increased with increased ethanol 




Table 3.7 Examples of conditions found to be optimal for selenium oxyanion reduction in 
anaerobic bioreactors in other studies  (Dridge and Butler, 2010; Kim et al., 2020; Mal et al., 2016; 
Rech and Macy, 1992; Singh et al., 1981; Sinharoy and Lens, 2020; Sinharoy et al., 2019; Tan et al., 
2018).   
 
  
Parameters Units Optimal value Value in this study 
Temperature °C 30-65 20 
pH Standard 6 4-6 
EC mS cm-1 <50 2- 6 
Cd mg L-1 <150 0.001 
Selenate: Sulfate Mole:Mole <1:300 1:1612 
Selenate: Nitrate Mole:Mole <1:180 1:94 




(Song et al., 2021). Although including defined carbon sources in PAB systems would likely 
increase Se removal rates the costs of continuously supplying the compounds would be 
prohibitive and contradict the main advantage of the PAB treatment technology.   
Of concern was that Se concentrations in PABs rarely fell below 0.05 mg Se L-1, which is 17 
times higher than the current EPA guideline concentration of 0.003 mg L-1 (EPA, 2016).  A possible 
explanation is low Se oxyanion availability to Se-reducing biofilms due to slow diffusion rates 
through the diffuse boundary layer (DBL) that separates the bulk solution from biofilm surfaces. 
Slow diffusion was shown to limit nitrate removal by denitrifying biofilms in wastewater 
treatment systems (Shaw et al., 2015). Slow diffusion would be even more important for Se 
oxyanions than for nitrate removal because of the need to reach extremely low target 
concentrations (e.g. 0.003 mg Se L-1 vs 1 mg NO3-N L-1).   
In addition to slow diffusion, extremely high sulfate concentrations in PAB can affect Se 
removal.  For example, Shi et al. (2020) showed that Se removal by CH4-fed selenate-reducing 
biofilms was inhibited by 100% when sulfate concentration was increased from 0 to 17mg L-1, 
which was attributed to sulfate interference with the transport of structurally-similar molybdate 
(MoO42-), a key cofactor required for selenate reductase activity.  In that study, however, dissolved 
Se concentrations never fell below 0.1 mg L-1 even in the absence the absence of sulfate.  
Compared to that study, Se removal in PABs in this study continued at much higher sulfate 
concentrations (315-1200 mg SO42- L-1; Section 3.6.8) and reached lower Se concentrations (as low 
as 0.01 mg L-1) which suggested that different Se-reducing populations and enzyme systems were 
likely involved.  These results are consistent with other studies that showed high Se removal in 
systems with sulfate concentrations close to 2500 mg L-1 (Lenz et al., 2008). 
Selenate reduction could have also been affected by low pH 4-6 in PAB, which is lower than 
the optimal pH 6 determined in other studies (Rech and Macy, 1992; Sinharoy and Lens, 2020); 
Table 3.7). In particular, environmental pH has a strong effect on enzymatic reactions in the 
periplasmic space because many bacteria have limited capacity to control pH in the periplasmic 
space compared to cytoplasm (Bergaust et al., 2010).  Large deviations from the optimal pH can 
affect enzymatic reactions by affecting assembly and folding of enzymes, including 
multicomponent enzymes such selenate reductase.  This may partially explain why Se removal 
rates were slowest in PAB with TH at the 6-7 month maturation period when pH equal to 4.3 (Fig. 
3.2 d).   
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Overall, results from this study demonstrated that Se concentrations can be rapidly decreased 
under wide ranging conditions in PAB systems, however they did not reach target concentration 
of 0.003 mg Se L-1.  More research is suggested to find out the reasons and perhaps optimize 




Figure 3.2 Changes in pH in passive anaerobic bioreactors with Wood Chips (WC), Miscanthus 
(MC), Switchgrass (SG), and Timothy Hay (TH) during maturation (a) 0-1 month, (b) 1-2 months, 
(c) 3-4 months, and (d) 6-7 months. Each marker is the mean of three replications if differences 
in mean value between treatments is greater than the Tukey’s HSD than means are significantly 
different at P value 0.05. Median pH in unmined Appalachian streams are pH  6.8 (Bryant et al., 
2002; Griffith et al., 2012)  
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3.6 Changes in biogeochemistry of PAB systems 
Diverse types of organic substrates with wide ranging chemical compositions are often used 
in PAB systems, which brings up the possibility that there could be differences in chemical 
concentrations in PAB effluents depending on the type of organic substrate used in the system. 
To evaluate this possibility, concentrations of numerous chemical parameters were monitored in 
PAB with different organic substrates and maturation periods, including redox potential (Eh), 
electrical conductivity (EC), pH, nutrients (NH4+, NO3-+NO2-, PO43-, SO42-), dissolved organic C 
(DOC), greenhouse gases (CO2, CH4, N2O), and trace elements (Zn and  Fe).  
3.6.1 Dissolved organic carbon         
Within the first few days after flooding PAB with coal slurry in the 0-1 month maturation 
period, DOC concentrations rapidly increased from 0 mg L-1 in coal slurry to 514-4999 mg L-1, with 
significantly higher concentrations in PAB with TH, followed by SG, MC, and WC (Fig. 3.3a). Initial 
DOC flushes were likely attributed to abiotic/extracellular hydrolysis and leaching of organic C 
from organic substrates, which was supported by results from the organic carbon proximate 
analysis (Table 3.2).  After initial DOC flushes, concentrations did not significantly change in PAB 
systems during this maturation period.   
After replacing coal slurry in PAB, DOC concentrations again rapidly increased, but 
concentrations were decreased by an average of 30-54% with each maturation time/water 
replacement (e.g. DOC concentrations in PAB with TH decreased from 4999 to 3671 mg L-1 from 
0-1 to 1-2 month maturation time) (Fig. 3.3b-d).  Decreases in DOC concentrations were likely due 
to decomposition to CO2 combined with increased number of leaching/washing cycles that 
removed accumulated DOC from the previous maturation period.  By 7 months, DOC 
concentrations in PABs with different substrates ranged between 127-1170 mg C L-1 with 
significantly higher concentrations in PAB with TH than PAB with other substrates.  By the end of 
7 months, DOC concentrations in all PAB greatly exceeded background 2.5 mg C L-1 in Appalachian 
streams (Bryant et al., 2002; Griffith et al., 2012); release of PAB effluents with such high DOC 
concentrations to streams could adversely impact biota by contributing to biological oxygen 





Figure 3.3  Changes in dissolved organic carbon (DOC) in passive anaerobic bioreactors with Wood 
Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation (a) 0-1 
month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of three 
replications if differences in mean value between treatments is greater than the Tukey’s HSD than 
means are significantly different at P value 0.05. Median DOC concentrations in unmined 
Appalachian streams are 2.45 mg L-1 (Bryant et al., 2002; Griffith et al., 2012).    
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Additional studies are needed to evaluate whether lower DOC concentrations could be achieved 
with longer PAB maturation times.     
3.6.2 Carbon dioxide 
At the same time that DOC concentrations increased during the first few days after PAB initial 
flooding, CO2 concentrations rapidly increased to 15-1540 mg L-1 (equivalent to 4-420 mg C L-1) 
which was significantly higher in PAB with TH, followed by SG, MC, and WC (Fig. 3.4a); relative 
CO2 concentrations in substrates were consistent with their relative DOC concentrations (Fig. 
3.3a).  Increased CO2 production was likely attributed to microbial decomposition of organic 
carbon which served as sources of carbon and electron donors for microbial growth including 
selenium reducing bacteria.  After 3-5 d, CO2 production rates slowed, which was likely due a 
combination of lower organic carbon availability and anaerobic conditions in PAB reactors.   
With increasing maturation time, CO2 concentrations were consistently higher in PAB with TH, 
but concentrations in all PAB decreased by 20-30% with each maturation period (Fig. 3.4b-d), 
which was probably because of labile organic C pools in substrates were being consumed by 
microbes or leached out by coal slurry washing, which left more recalcitrant acid-hydrolysable 
and non-hydrolyzable organic C pools. By the end of 7 months, CO2 concentrations in PAB with 
TH, MC, and SG ranged between 180 and 390 mg CO2 L-1, which exceeded the background 
concentration of 9 mg CO2 L-1 in Appalachian streams (calculated from an alkalinity of 20 mg CaCO3 
L-1) (Bryant et al., 2002; Griffith et al., 2012); release of PAB effluents with such high 
concentrations of dissolved inorganic C could adversely affect water quality by serving as C source 





Figure 3.4 Changes in carbon dioxide (CO2) concentrations produced in passive anaerobic 
bioreactors with Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) 
during maturation (a) 0-1 month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker 
is the mean of three replications if differences in mean value between treatments is greater than 
the Tukey’s HSD than means are significantly different at P value 0.05. Median alkalinity in 
unmined Appalachian stream is 20 mg L-1 of CaCO3 which is equivalent to 9 mg L-1 CO2 (Bryant et 
al., 2002; Griffith et al., 2012).  
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3.6.3 Redox  potential 
At the same time that DOC and microbial decomposition of organic carbon were rapidly 
occurring soon after initial PAB flooding during 0-1 month maturation period, Eh rapidly 
decreased from 460 mV to -44 mV to -300 mV (Fig. 3.5a).  Redox values <300 mV are generally 
associated with low O2 conditions (Reddy et al., 2000; Thompson et al., 2009), so it appeared that 
anaerobic conditions were rapidly achieved in PAB systems.  Interestingly, Eh decreased to lower 
values in PAB with TH, SG, and MC than with WC (Eh=44 mV), which likely was due to slower 
microbial respiration in PAB with WC. However, by 15 d, Eh in all PAB stabilized at about -195 mV.     
Similar to what was observed in the 0-1 month maturation period, Eh generally decreased 
more rapidly and achieved lower values in PAB with TH, SG, and MC compared to PAB with WC 
within 1 d after flooding in each maturation period (Fig. 3.5b-d). Within 5 d, Eh values reached 
minimum values between -200 to 200 mV which were consistent with O2, NO3-, Fe3+, and SeO42- 
consumption as electron acceptors during this time frame.  More rapid decreases and lower Eh 
values in PAB with TH, SG, and MC compared to WC were likely due to differences in bioavailability 





Figure 3.5 Changes in redox potentials (Eh) in passive anaerobic bioreactors with Wood Chips 
(WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation (a) 0-1 month, 
(b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of three replications 
if differences in mean value between treatments is greater than the Tukey’s HSD than means are 





The combination of high DOC concentrations and anaerobic conditions set the stage for rapid 
nitrate reduction processes in the first few days after PAB flooding, as evident from rapid 
decreases in (NO3-+NO2-)-N concentrations from 9 mg N L-1 in coal slurry to <1.2 mg N L-1 (Fig. 
3.6a).  Nitrate loss rates were about 3 mg N (L d)-1 which were in the low end of rates of 2-32 mg 
N (L d)-1 determined in denitrification PABs in other studies (Robertson, 2010; Schipper et al., 
2010). Possible reasons for lower rates were shorter exposure periods and lower NO3- 
concentrations in this study (<10 mg N L-1) compared to other studies (>20 mg N L-1 in 
continuously-fed PAB systems) (Healy et al., 2015; Healy et al., 2012; Robertson, 2010; Schipper 
et al., 2010). Despite lower nitrate removal rates, results from this study verified that PABs were 
very effective nitrate removal systems.   
Nitrate removal in PABs at increasing maturation periods followed the same trends as in the 
0-1 month maturation time, in which (NO3+NO2)-N concentrations decreased from 10 mg N L-1 in 
coal slurry to <1.2 mg N L-1 at an average rate 3 mg N (L d)-1 within 5 d after flooding (Fig. 3.6b-d). 
Likely reasons for decreases in nitrate concentrations were a combination of dilution and 
biochemical nitrate removal processes, including nitrate assimilation, denitrification, and 




Figure 3.6 Changes in nitrate+nitrite (NO3-+NO2-)-N concentration in passive anaerobic bioreactors 
with Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during 
maturation (a) 0-1 month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the 
mean of three replications if differences in mean value between treatments is greater than the 
Tukey’s HSD than means are significantly different at P value 0.05. Median (NO3-+NO2-)-N 




3.6.5 Nitrous oxide 
Nitrous oxide concentrations rapidly increased to 1-4 mg N2O L-1 within 5 d in all PAB after 
flooding (equivalent to 0.6 to 2.5 mg N L-1) during 0-1 month maturation period (Fig. 3.7a), which 
indicated denitrification was an important nitrate removal process in PAB systems. Interestingly, 
after initial N2O production, concentrations rapidly decreased to below detection after 5 d in all 
PAB except those with WC, which signified that the last N2O to N2 denitrification step was strongly 
inhibited in PAB with WC.  A possible explanation was low pH 4 in PAB with WC (Fig. 3.2a), which 
has been shown to strongly inhibit nitrous oxide reductase activity (Liu et al., 2014). Low pH in 
PAB with WC was likely due to abiotic hydrolysis of hemicellulose which produces formic and 
acetic acids (Gibson and Watt, 2010).  An important implication is that PAB with WC would be a 
bigger source of N2O than PAB with other substrates, at least during initial start-up period.    
With increasing maturation time, N2O again reached maximum concentrations within 5 d 
after flooding PABs (Fig. 3.7 b-d), which signified that denitrification was occurring in the PAB 
systems.   Unlike what was observed in the 0-1 month maturation period, N2O concentrations 
eventually decreased to below detection in all PAB including WC by 32 d in the later maturation 
periods, which suggested that denitrifying bacteria in PAB with WC became adapted to low pH 
conditions. Surprisingly, N2O concentration in PAB with TH was higher during the 6-7 month 
maturation period than earlier maturation periods which could be attributed to low pH and 
inhibition of nitrous oxide reductase.  Low pH in TH could be attributed to a combination of abiotic 
hydrolysis of hemicellulose, rapid fermentation of labile organic substrates to volatile fatty acids 
(e.g. acetic, propionic, butyric acids), and lack of proton consuming processes (e.g. sulfate 
reduction).  Thus, it appears that PAB with organic substrates with extremely low pH would be 





Figure 3.7 Changes in nitrous oxide (N2O) concentrations (headspace and water) in passive 
anaerobic bioreactors with Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy 
Hay (TH) during maturation (a) 0-1 month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  
Each marker is the mean of three replications if differences in mean value between treatments is 
greater than the Tukey’s HSD than means are significantly different at P value 0.05. Background 
N2O concentration in streams was estimated at 3.66x10-4 mg L-1 from atmospheric N2O 
concentrations of 3.33×10-7 atm (Dlugokencky, 2021) and Henry’s Law constant of 10-1.59 mol L-1 






Ammonium concentrations rapidly increased from 0 mg N L-1 in coal slurry to 1-3 mg N L-1 in 
the first 3 d after PAB flooding during 0-1 month maturation period (Fig. 3.8a). Possible NH4+ 
sources could be a combination of abiotic hydrolysis and leaching of organic N from substrates, 
microbial decomposition of organic N (e.g. proteins), and/or DNRA.  Future experiments with 15N 
labelled NO3- would be helpful to evaluate the relative importance of the various nitrate removal 
processes in the PAB systems (e.g. 15NO3 to 15NH4 by DNRA). After the initial increase in NH4+ 
concentration, NH4+ concentrations steadily decreased and stabilized at about 1 mg N L-1 within 
15 d in all PAB and did not significantly decrease after that.  Decreases in NH4+ concentration were 
likely attributed to bacterial assimilation into proteins and other organic N compounds needed 
for microbial growth, which would be expected at high C: N ratios (78-837) in organic substrates. 
With increasing maturation time, NH4+ concentrations again rapidly increased in the first 3 d 
after replacing coal slurry and then decreased in the PAB (Fig. 3.8b-d). Increases NH4+ 
concentrations immediately after each coal slurry replacement suggested that DNRA was an 
important nitrate removal process in PABs.  After about 3-5 d, NH4+ concentrations decreased 
probably by bacterial assimilation which was consistent with high C: N ratio (Table 3.2). 
Assimilation appeared to be lower in PAB with SG than PAB with other substrates, possibly due to 
differences in nitrogen requirements of bacteria (e.g. lower in PAB with SG).  However, by the end 
of 4 months, inorganic N concentrations (mostly as NH4+) in all PAB were only slightly above the 
background 0.8 mg N L-1 in Appalachian streams (Bryant et al., 2002; Griffith et al., 2012), which 
indicated that release of PAB effluents with close to background inorganic N concentrations would 







Figure 3.8 Changes in ammonium (NH4-N) concentrations in passive anaerobic bioreactors with 
Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation 
(a) 0-1 month, (b) 1-2 months, (c) 3-4 months and (d) 6-7 months.  Each marker is the mean of 
three replications if differences in mean value between treatments is greater than the Tukey’s 
HSD than means are significantly different at P value 0.05.  Median (NH4-N) concentration in 
unmined Appalachian streams is 0.81 mg L-1 (Bryant et al., 2002; Griffith et al., 2012).   
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3.6.7 Electrical conductivity and major cations (Ca2+, Mg2+, K+, and Na+) 
Coal slurry used in experiments had an electrical conductivity (EC) of 2 mS cm-1 which was 
primarily due to high concentrations of four cations (in order from highest to lowest contributions 
to EC)  Na+, Ca2+, Mg2+, K+, and two anions including  SO42- and Cl- (Table 2.1).  Within 5 d after 
flooding PAB during the 0-1 month maturation time, EC rapidly increased from 2 to 4.5 mS cm-1 
in PAB with TH, but remained relatively constant in PAB with other substrates (Fig. 3.9a).  With 
regards to cations, increased EC in PAB with TH was primarily due to increased concentrations of 
K+ (42 times higher than coal slurry) followed by Mg2+ and Ca2+ (4-5 times higher than coal slurry), 
but not Na+ (Table 3.8). Increased concentrations of K+, Mg2+ and Ca2+ were likely due to abiotic 
leaching which was supported by high water soluble concentrations in TH (Table 3.4).  Compared 
to TH, concentrations of K+, Mg2+ and Ca2+ in other substrates were significantly lower so had less 
effects on EC.   
With increasing maturation time, EC in PAB with TH steadily decreased and ultimately 
approached EC of PAB with other substrates and coal slurry (Fig. 3.9b-d). Decreases in EC in PAB 
with TH with increasing maturity was largely due to steady decreases in K+, Ca2+, and Mg2+ 
concentrations due to leaching/washing of TH with coal slurry (Table 3.8).  By the end of 7 months, 
EC in all PAB remained at 2-3 mS cm-1 which were considerably higher than the median value of 
0.07 mS cm-1 measured in pristine Appalachian streams (Bryant et al., 2002; Griffith et al., 2012); 
release of PAB effluents with such high electrical conductivities/salinities to streams could 
adversely impact stream biota, especially salt-sensitive  freshwater algae, aquatic plants, and 




Figure 3.9  Changes in electrical conductivity (EC) in passive anaerobic bioreactors with Wood 
Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation  (a) 0-1 
month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of three 
replications with significant differences determined by ANOVA and Tukey’s Honestly Significant 
Difference tests. Median EC in unmined Appalachian streams is 0.07mS cm-1 (Bryant et al., 2002; 




Table 3.8 Changes in dissolved concentrations of Ca2+, K+, Mg2+, and Na+ at 32 d in passive anaerobic bioreactors with Wood Chips (WC), Miscanthus 
(MC), Switchgrass (SG), and Timothy Hay (TH) during maturation periods 0-1 month, 1-2 months, 3-4 months, and 6-7 months.  Each value 
represents the mean of three replications ± one standard deviation. Mean values followed by the same letter are not significantly different a p-
value of 0.05, as determined ANOVA and Tukey’s Honestly Significant Difference. Median dissolved concentrations of Ca2+, K+, Mg2+, and Na+ in 
unmined Appalachian streams are 5, 2, 4, and 1 mg L-1, respectively (Bryant et al., 2002; Griffith et al., 2012). 
 
  
Cations Coal slurry WC  MC  SG  TH  p-value 
  -----------------------------------------------------mg L-1----------------------------------------------   
Maturation 0-1 month          
Ca2+ 124 103±1 c 204±5 ab 162±26 b 248±31 a 0.000 
K+ 27 162±16 b 119±1 b 187±29 b 1144±158 a 0.000 
Mg2+ 80 68±2 c 116±2 b 133±22 b 185±22 a 0.000 
Na+ 399 293±6  301±4  341±56  332±48  0.382 
Maturation 1-2 month          
Ca2+ 116 100±0.5  166±80  136±3  184±11  0.136 
K+ 27 110±2 b 100±60 b 92±2 b 574±24 a 0.000 
Mg2+ 75 67±2  119±55  90±2  126±1  0.101 











           
Table 3. 8 continued          
Cations Coal slurry WC  MC  SG  TH  p-value 
  -----------------------------------------------------mg L-1----------------------------------------------   
Maturation 3-4 month          
Ca2+ 114 94±14 b 137±6 a 146±6 a 149±5 a 0.000 
K+ 27 68±7 b 48±2 b 66±3 b 310±33 a 0.000 
Mg2+ 70 61±9 b 79±5 b 81±5 b 96±5 a 0.002 
Na+ 362 286±48  330±17  322±19  320±16  0.332 
Maturation 6-7 month          
Ca2+ 116 96±9 b 143±18 a 121±1 ab 129±1 a 0.004 
K+ 27 54±2 b 40±5 b 45±0.8 b 173±17 a 0.000 
Mg2+ 77 61±5 b 83±5 a 70±0.8 ab 83±17 a 0.007 





Sulfate concentration, which was the main anionic contributor to EC of coal slurry, did not 
significantly change from the initial concentration of 1100 mg SO42-L-1 in PAB with different organic 
substrates during the 0-1 month maturation period (Fig. 3.10a).  It was expected that the 
combination of high concentrations of bioavailable organic C, consumption of alternate electron 
acceptors, and extremely reducing conditions would set the stage for sulfate reduction in the PAB 
systems. A possible explanation for low sulfate reduction is that, unlike nitrate and selenate 
reducers which are facultative anaerobes, sulfate reducers are obligate anaerobes which might 
not have been yet adapted to recently-established anaerobic conditions in PAB systems.   
An interesting observation at later maturation periods was significant decreases in SO42- 
concentrations in PAB with MC beginning at 15 d in 1-2 month maturation period and also in PAB 
with SG in the 6-7 month maturation period (Fig. 3.10b-d).  At these times, it was noticed that 
PAB with MC and SG had a strong rotten egg odors which were consistent with sulfate reduction 
to volatile hydrogen sulfide.  Increased sulfate reduction may partially account for significantly 
higher pH in PAB with MC and SG by the following reaction 3.1:  
C6H12O6 + 3SO42- + 3H+  6CO2 + 3HS- + 6H2O    reaction 3.1 
Sulfate reduction was not evident in PAB with TH or WC which could be attributed to low pH 
4-4.5 which would result in accumulation in high concentrations of volatile fatty acids with 
undissociated carboxylate groups which are toxic to sulfate reducing bacteria (Koschorreck, 
2008).  Despite decreasing sulfate concentrations in PAB with MC and SG, sulfate concentrations 
in all PAB remained > 65 mg SO42- L-1which greatly exceeded background 12.5 mg SO42- L-1 in 
Appalachian streams (Bryant et al., 2002; Griffith et al., 2012). Moreover, assuming that in 6-7 
month maturation period sulfate reduced to hydrogen sulfide, PAB with MC and SG could produce  
377 mg L-1 of H2S. This high H2S concentrations in effluent could be alarming since at 0.5 mg L-1 H2S 
was found to cause sleeping and respiratory disorders in fish (Torrans and Clemens, 1982). In 
addition, H2S when released into surrounding streams can decrease pH when oxidized into sulfate 
by the following reaction 3.2:  





Figure 3.10  Changes in sulfate (SO42-) concentration in passive anaerobic bioreactors with Wood 
Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation (a) 0-1 
month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of three 
replications if differences in mean value between treatments is greater than the Tukey’s HSD than 
means are significantly different at P value 0.05. Median SO42- concentration in unmined 





Within 5 days after PAB flooding in the 0-1 month maturation period, dissolved PO43--P 
concentrations rapidly increased from 0 mg P L-1 in coal slurry to 3-122 mg L-1 which stabilized for 
the remainder of the maturation period.  Dissolved PO43--P concentrations were significantly 
higher concentrations in PAB with TH, followed by MC, SG and finally WC (Fig. 3.11a), which was 
consistent with their water soluble concentrations (Table 3.4). The most likely explanation for 
rapid initial phosphate flux was abiotic/extracellular hydrolysis and leaching of organic P from the 
organic substrates.  
With increasing maturation time, PO43- concentrations in PAB followed the same trends as in 
0-1 month maturation period, including increases to maximum concentrations within 5 d after 
replacing coal slurry (Fig. 3.11b-d).  With increasing maturation periods, however, PO43- 
concentrations in all PAB steadily decreased by 20-55%, but were consistently higher in PAB with 
TH compared to PAB with other substrates.  Decreases in PO43- concentrations were likely due 
increased leaching/washing cycles that removed accumulated PO43- from the previous maturation 
period.  By 7 months, PO43- concentrations in PABs ranged between 0.2-17 mg L-1 which were 
higher than the background 0.05 mg P L-1 in Appalachian streams (Bryant et al., 2002; Griffith et 
al., 2012). Release of PAB effluents with such high dissolved PO43- concentrations could adversely 





Figure 3.11  Changes in dissolved PO43- concentration in passive anaerobic bioreactors with Wood 
Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation (a) 0-1 
month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of three 
replications if differences in mean value between treatments is greater than the Tukey’s HSD than 
means are significantly different at P value 0.05. Median PO43--P concentration in unmined 






Dissolved Zn2+ concentrations in PAB followed similar trends as PO43- concentrations during 
the 0-1 month maturation period (Fig. 3.12a).  Specifically, Zn2+ concentrations rapidly increased 
from 0.06 mg Zn2+ L-1 in coal slurry to 0.3-2.5 mg Zn2+ L-1 within 5 d after PAB flooding which were 
likely due to abiotic/enzymatic hydrolysis of organic Zn and leaching from organic substrates. In 
contrast to PO43- concentrations, however, Zn2+ concentrations were significantly higher in PAB 
with SG than in PAB with TH, MC, or WC and continued to increase in PAB with SG reaching 
maximum concentration of 3.4 mg Zn L-1.  Higher Zn2+ concentration in PAB with SG was consistent 
with higher water soluble Zn in SG compared to other substrates (Tables 3.4).   
Dissolved Zn2+ concentrations in PAB during the 1-2 and 3-4 month maturation periods 
generally followed the same trends as the 0-1 month maturation period including significantly 
higher concentrations in PAB with SG than PAB with other substrates (Fig. 3.12b).  However, 
between 5 and 10 d in the 3-4 month maturation period, dissolved Zn2+ concentrations in PAB 
with SG decreased to the same low concentration as in other PAB.  A possible explanation for 
decreased Zn2+ concentrations in PAB with SG was precipitation as ZnS, although sulfate reduction 
was not detected until later in this treatment.  By 6 months, dissolved Zn2+ concentrations in all 
PAB ranged between 0.02-0.24 mg L-1 which were above background concentration of 0.01 mg Zn 
L-1  in Appalachian streams (Bryant et al., 2002; Griffith et al., 2012); release of PAB effluents with 
elevated Zn to streams could have adverse effects on sensitive biota, such as reduced survival of 
amphipods and small fish (fathead minnow) whose lowest observed effect concentration levels 
for Zn ranges from 0.25 to 0.5 mg Zn L-1 (Besser and Leib, 2007).  Zn toxicity at higher 
concentrations has been attributed to Ca2+ uptake impairments which can lead to hypocalcemia 
(Muyssen et al., 2006).  Moreover, Zn can inhibit different important enzyme activity in fish body, 
including Na+/K+ -ATPase enzyme and catalase, which are responsible for ion transport across fish 




Figure 3.12 Changes in dissolved zinc (Zn) concentration in passive anaerobic bioreactors with 
Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation 
(a) 0-1 month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of 
three replications if differences in mean value between treatments is greater than the Tukey’s 
HSD than means are significantly different at P value 0.05. Median Zn concentration in unmined 




Dissolved Fe concentrations behaved somewhat differently compared to most other 
elements during the 0-1 month maturation period (Fig. 3.13a).  Specifically, dissolved Fe 
concentrations decreased from 0.5 mg Fe L-1 in coal slurry to 0-0.3 mg Fe L-1 in the first 5 d after 
flooding PAB. Decreased dissolved Fe concentrations were likely due to rapid sorption of Fe3+-
oxyhydroxides in coal slurry to cellulose and lignin of organic substrates which have been shown 
to have high affinities for Fe3+ at pH 5.7-6.6 but much lower affinities at lower pH values (Platt and 
Clydesdale, 1984).  After 5 d, however, dissolved Fe concentrations steadily increased to 
maximum concentrations between 0.2-1.8 mg L-1 with a significantly higher concentration in PAB 
with TH than PAB with other organic substrates.  A possible explanation for increased dissolved 
Fe concentration after 5 d was the release of weakly retained Fe2+ from sorption sites following 
reductions of O2, NO3- and Fe3+ by bacteria in PAB systems.    
 With increasing maturation time, dissolved Fe concentration in PAB with TH was again 
consistently higher than in PAB with other substrates and did not decrease with increasing 
maturation periods (Fig. 3.13 b-d).  Of note were significant decreases in dissolved Fe 
concentrations in PAB with MC and SG during the last maturation period, which could have been 
due to sulfate reduction and iron sulfide precipitation according to the following reaction 3.3:    
Fe2+ + 2HS-   FeS2 + H2       reaction 3.3 
By the end of 7 months, dissolved Fe concentrations were highest in PAB with TH and WC 
with concentrations between 0.62 and 0.9 mg L-1 , which were considering higher than the 
background concentration of 0.22 mg Fe L-1 in Appalachian streams (Bryant et al., 2002; Griffith 
et al., 2012).  Release of PAB effluents with elevated Fe2+ concentrations could adversely impact 
stream biota by consuming dissolved O2 and precipitating as Fe3+-oxyhydroxides, which can 
physically clog and damage fish gills causing respiratory impairment (Cadmus et al., 2018; 




Figure 3.13 Changes in dissolved iron (Fe) concentration in passive anaerobic bioreactors with 
Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during maturation 
(a) 0-1 month, (b) 1-2 months, (c) 3-4 months, and (d) 6-7 months.  Each marker is the mean of 
three replications if differences in mean value between treatments is greater than the Tukey’s 
HSD than means are significantly different at P value 0.05. Median Fe concentration in unmined 
Appalachian streams is 0.22 mg L -1 (Bryant et al., 2002; Griffith et al., 2012).  
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3.7 Pollution swapping assessment by CCME-WQI      
         
A common and useful way to summarize and communicate information about water quality 
is through computation of a water quality index, such as Canadian Council of Ministers of the 
Environment Water Quality Index (CCME-WQI) which was described in Section 2.7.  In this study, 
the CCME-WQI was calculated by comparing the concentrations of selected parameters measured 
in PAB systems against concentrations in pristine Appalachian streams located near coal slurry 
impoundments, including electrical conductivity (EC), pH, nutrients (NH4+-N, NO3-+NO2--N, PO43--
P, SO42-), dissolved organic C (DOC), greenhouse gases (CO2, CH4, N2O), and trace elements (Zn, 
Se, and  Fe).  These parameters were selected because they were present at concentrations that 
exceeded background concentrations in Appalachian streams (Table 2.1) or EPA chronic warm 
water aquatic habitat guideline concentrations (Table 1.5) in at least one type of PAB system.  
Moreover, greenhouse gas concentrations were included because high amounts were produced 
under anaerobic conditions in PAB systems. Concentrations of these parameters were used to 
compute separate CCME-WQI values in PAB with different organic substrates and maturation 
periods.    
In the 0-1 month maturation period, CCME-WQI ranged from 8-12 (out of 100) which 
indicated poor water quality according to the CCME-WQI water quality classification (Fig. 3.14). 
During this maturation period, there were no significant differences in CCME-WQI among 
substrates; however, reasons for low scores differed in PAB with different substrates (Table 3.9).  
For example, N2O contributed >95% to total excursion in PAB with WC, but only 25-40% in PAB 
with other substrates.  Meanwhile, PO43-, DOC, and pH each contributed >5% to total excursion in 
all PAB except those with WC.  Total inorganic N, Fe, and CH4 contributed to <1% to total excursion 
in all PABs.   
With increasing maturation time, significant differences in CCME-WQI scores became 
apparent in PAB with different organic substrates (Fig. 3.14) as did percent contributions of 
individual parameters to total excursions (Table 3.9).  For example, during the 3-4 month 
maturation period, CCME-WQI was significantly higher in PAB with MC than PAB with TH, while 
during the 6-7 month maturation period, CCME-WQI was significantly lower in PAB with TH than 







Figure 3.14 Changes in Canadian Council of Ministers of the Environment Water Quality Index 
(CCME-WQI) in passive anaerobic bioreactors with Wood Chips (WC), Miscanthus (MC), 
Switchgrass (SG), and Timothy Hay (TH) during 0-1, 1-2, 3-4, and 6-7 months maturation periods.  
F1, F2, and F3 are three components of the CCME-WQI score, which represent the number of 
failed parameters, number of failed measurements, and excursions from guideline concentration, 
respectively.  Each column is the mean of three replications and same letters above columns 
within each maturation period are not significantly different at p-value of 0.05, as determined by 
ANOVA and Tukey’s Honestly Significant Difference Test. According to CCME-WQI User’s manual, 
CCME-WQI scores <44 out of 100 are considered poor water quality (CCME, 2017).  
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Table 3.9   Changes in percent contributions of selected chemical parameters to the normalized 
sum of excursions used to compute the CCME-WQI score in passive anaerobic bioreactors with 
Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH) during 0-1 and 6-7 























 ------------------Percent contribution to normalized sum of excursions----------- 
 
Total nitrogen 0 0 0 0 0 0 0 0 
Phosphate 0 1 40 30 28 27 26 7 
Sulfate 0 11 3 5 4 7 2 1 
DOC 0 7 8 8 11 17 25 10 
H conc 1 62 5 0 8 0 11 11 
EC 0 4 1 6 1 8 1 1 
Selenium 0 4 1 2 1 5 3 3 
Zinc 0 0 2 0 20 0 1 0 
Iron 0 0 0 0 0 0 0 0 
Carbon dioxide 0 2 1 4 3 6 2 1 
Nitrous oxide 98 10 40 0 25 0 28 64 





while decreased in PAB with WC. Interestingly, PAB with MC and SG showed percent contribution 
of CH4 to total excursion ranged between (29-46) %, which might suggest that methanogenesis 
was occurred in PAB with MC and SG. 
By the end of the seven months maturation period, CCME-WQI increased to 13-21, or 18-
150% higher than values calculated at the 0-1 month maturation period.  Unfortunately, CCME-
WQI scores were still below the threshold value of 44 which signified poor water quality compared 
to pristine Appalachian streams. These results indicated that effluents from PABs with different 
substrates could have adverse effects on aquatic life if released to streams for a variety of reasons, 
including eutrophication, dissolved oxygen deprivation, salinity, and other detrimental effects, as 
described in Section 3.6.  It is suggested that additional laboratory-based studies be conducted to 
determine whether water quality in PAB systems could be substantially improved with increasing 




 SUMMARY AND CONCLUSIONS 
Laboratory batch experiments were conducted to evaluate the capacity of passive anaerobic 
bioreactors to remove Se and other pollutants from coal slurry wastes without contributing other 
pollutants to PAB effluents.  The two hypotheses of the study were 
(i) Se removal is significantly affected by types of organic substrate and maturation time 
in PAB systems 
(ii) Production of greenhouse gases, nutrients, pH, trace elements and dissolved organic 
carbon (i.e. “pollution swapping”) are significantly affected by types of organic 
substrate and maturation time in PAB systems 
Results showed that Se removal rates were significantly affected by the type of organic 
substrate and maturation time in PAB system.  The pH, and to a lesser extent dissolved organic C 
concentration, appeared to be important factors that controlled Se removal rates, with complete 
inhibition observed at pH<4.5 in PAB with woodchips in the 0-1 month maturation period and in 
PAB with Timothy Hay at the 6-7 month maturation period. Both of these substrates were at the 
opposite ends of the spectrum with regards to C:N ratio and relative amounts of water soluble 
and recalcitrant carbon pools based on proximate analysis, which suggests that these 
measurements could be useful for selecting substrates for use in PAB systems. Even in PAB with 
Miscanthus and Switchgrass substrates which possessed intermediate C: N and circumneutral pH, 
Se concentrations declined from 0.6 mg L-1 to a minimum of 0.05 mg L-1, which was still 
considerably greater than the current EPA target 0.003 mg Se L-1.  A possible explanation was slow 
diffusion in the diffuse boundary layer located between biofilms and bulk solution, however, 
additional studies are needed to verify this hypothesis. The inability to achieve regulatory 
guideline Se concentrations puts into question the use of PABs for this application.     
Results also showed that the production of greenhouse gases, nutrients, pH, trace elements 
and dissolved organic carbon (‘pollution swapping”) were significantly affected by types of organic 
substrate and maturation times in PAB systems.  Importantly, pH, dissolved organic carbon, PO43- 
Zn, and EC in PAB were positively related to water extractable concentrations in organic 
substrates.  As observed with Se removal, the final denitrification step and N2O accumulation were 
strongly affected by low pH in PAB with woodchips and Timothy Hay.  It is strongly recommended 
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that organic substrates be extensively evaluated for water soluble and total chemical composition 
before considering their use in PAB systems.  
Water quality and CCME-WQI scores of PAB systems, which were calculated from the 
concentrations of over a dozen parameters, increased with maturation time, however, scores in 
all PAB and maturation periods were remained below 25, which signified poor water quality 
compared to pristine Appalachian streams.  Extrapolation of the relationship between CCME-WQI 
and number of water replacements in Fig. 4.1 indicated that approximately 31 water 
replacements would be required to achieve a CCMI-WQI score of 95, or excellent water quality. 
At the field scale, this could be problematic because of the adverse effects of PAB effluents would 
pose on receiving water bodies. Possible alternatives to releasing effluents directly to aquatic 
systems could be recirculation of PAB effluents back to coal slurry impoundments or application 
effluents to mine reclamation sites to improve soil fertility. If these options were not possible, 
then another strategy to decrease pollution swapping potential of PAB systems could be pre-
washing of organic substrates which was suggested in denitrifying PAB systems (Healy et al., 2012; 







Figure 4.1 Correlation between Canadian Council of Ministers of the Environment Water Quality 
Index (CCME-WQI) and number of water replacements and maturation period in PAB systems 
with Wood Chips (WC), Miscanthus (MC), Switchgrass (SG), and Timothy Hay (TH). Each marker is 









Appendix A.1 Physical treatments for Se removal      
  
Two methods have been used for Se physical treatment in physical treatments: membrane 
filtration and evaporation (Hill, 2010). Under membrane filtration, Reverse osmosis (RO) is a 
widely used Se removal technology that uses a semipermeable membrane to contain solutes and 
allows purified water to pass through. RO’s separation efficiency depends on solute (e.g. selenate 
and selenite) concentrations, pressure, and flux. Typically, RO employs high pressure to force out 
solvent through membrane but retain soluble selenium species (selenate and selenite) and 
dissolved salts in rejects side (Hill, 2010). USEPA recognized RO technology as one of the best 
available technologies available for Se removal. Couple with a chemical treatment (e.g. 
ferrihydrite), RO has been successfully applied as a post-treatment for treating mining wastewater 
from Barrick's Richmond Hill Mine (Hill, 2010; Sobolewski, 2005). After iron-mediated Se 
reduction and precipitation (discussed in chemical method section), at 17 bar pressure, RO 
decreased Se concentration from 12-22 μg Se L-1 to 2 μg Se L-1 (Hill, 2010; Sobolewski, 2005). 
Although RO is efficient for both Se oxyanions and removes 98% TDS from water, It very expensive 
technique and pretreatment is required (Table 1) (Hill, 2010). 
 
Another membrane filtration technique for Se removal is nanofiltration (NF) which utilizes 
membrane where pore size is (1-10)nm larger than RO but smaller than ultrafiltration (Hill, 2010) 
It is not an efficient technology for constituents who are small enough to pass through the 
membrane. NF could operate under one-third pressure of RO and let some salts to pass through 
this membrane which could reduce the scale potential (Hill, 2010). Similar to RO, it is expensive, 
and pretreatment is required (Table 1) (Hill, 2010). A laboratory experiment reported that, 95% 
selenium is removed from effluent containing 1000 µg L-1 (Kharaka et al., 1996). Then a pilot-scale 
experiment was done in Imperial California valley to remove Se from agricultural drainage water. 
The influent concentration was 42 to 63 µg L-1 and effluent concentration was 1 to 3.2 µg L-1 (Hill, 
2010). 
 
Other physical technique is evaporation which is a zero-discharge system depends on ambient 
climate temperature. It is very useful for the arid region because of large land availability and 
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evaporation rate is higher than the precipitation rate (Hill, 2010). Selenium containing water is 
transferred to lined ponds where under solar radiation evaporation starts then evaporation ponds 
(EP) become hypersaline. Thus, it is necessary to remove accumulated sludge and salts to increase 
removal efficiency (Hill, 2010). In San Joaquin Valley California, installed EP showed 25% Se 
removal from influent (2-200) Se µg L-1 (Hill, 2010).  
Another improved mechanical evaporation technique is mechanical evaporation which shows 
better Se removal efficiency (Table 1). Because physical filtration (RO) and chemical pre-treatment 
(Iron mediated reduction) are used together for influent and an external heat and mixing source 



























Table 1: Physical Se removal technologies from water. 
  






operate under high 
pressure 
• Remove selenite and 
selenate to less than 5µg 
L-1. 
 
• Remove TDS (90-98) % 
 
• Small space required 
• High capital cost to 
purchase, install, and 
update. 
 
• Pretreatment is required 
for to reduce scaling and 
fouling. 
 
• Pressure, temperature, and 
pH are adjusted according 
to membrane tolerance 
• The total installation cost for 1 
million US gallons per day system 
is estimated at $40 million (2010 
USD) 
• Annual operation and 
maintenance cost for 1 million US 
gallons per day system is 
estimated as $3 million (2010 
USD) 
 
Nanofiltration A similar technique 
like RO system, but 
operate at one-third 
pressure of RO  
• Able to operate one-third 
pressure of reverse 
osmosis technology. 
• Small space required 
• Scaling problem is low. 
• More 95% Se can be 
removed from 
wastewater (up to 1000 
µg L-1) . 
 
• Pressure, temperature, and 
pH are adjusted according 
to membrane tolerance. 
• Treatment and disposal are 
required for reject stream. 
• Temperature operating 
issue due to viscosity 
effects at low and high 
temperatures 
• The total installation cost for 1 
million US gallons per day system 
is estimated as $40 million (2010 
USD) 
• Annual operation and 
maintenance cost for 1 million US 
gallons per day system is 







Continued Table 1: Physical Se removal technologies from water. 




dissolved salts by 
natural evaporation 
of water. 
• Lower cost because the 
technology relies on solar 
power. 
• Simple operation and 
easy to install. 
• Approximately 25% Se 
removal efficiency 
 
• Large space is required. 
• Ineffective in areas 
where cold and wet 
climate are the presence. 
• Risk of infiltration to 
groundwater 
• Evaporation plant in the san Joaquin 
valley cost $630 per acre-foot of 
treated water with $2.8 million/year 






heat source, pressure 
or vacuum, and 
mechanical mixing to 
enhance evaporation 
• Provide high-level 
treatment of selenium 
since selenium salt cake 
is produced. 
• Concentrate the 
selenium reducing the 
volume for treatment. 
• Capable of bringing down 
Se conc < 5 µg L-1 
• Disposal of solid waste 
stream could be 
hazardous. 
• Pretreatment can be 
required depending on 
water quality 
• The total installation cost for 1 
million US gallons per day system is 
estimated at $ 70 million (2010 USD) 
• Annual operation and maintenance 
cost for 1 million US gallons per day 





Appendix A.2 Chemical treatments for Se removal 
 
Selenium removal from wastewater by chemical treatments use three methods: precipitation, 
adsorption, and redox reactions (Hill, 2010). Generally, precipitation does not occur for selenate 
and selenite under waste stream conditions, but selenocyanate which has been reported to 
precipitate when it reacts with silver, mercury, thallium, lead and copper (Hill, 2010; Manceau 
and Gallup, 1997). However, selenate and selenite, and selenocyanate can be adsorbed on ion 
exchange resin, colloidal solids, or activated alumina.  
 
Ion exchange is a technique where undesirable Se ions are removed from water with the 
exchange of desirable ions when water passes through granular chemicals known as ion exchange 
resin (Hill, 2010).Both weak and strong base anionic resin has been reported to exchange Se from 
water, but this process can be hampered by competing anions, including sulfate, chloride, and 
nitrate. These anions will compete against Se anions for the active sites on weak base anion 
exchange resins. Carbonate and sulfate have a greater affinity on acid-base anion exchange resin 
than Se anions and silicate. Thus, pretreatment (e.g. barium chloride addition) of water is 
generally required for ion exchange technique. Aside from competing ions, pH outside optimize 
range, high temperature, and high suspended solids presence in water can also reduce anion 
exchange resin performance (Table 2) (Hill, 2010).A lab experiment was done on the ion-exchange 
technique using a silica polyamine resin to treat wastewater released from the Kennecott mining 
company where Se concentration was 0.93 mg L-1, and sulfate concentration was 80 mg L-1 at pH 
4. After treatment Se was decreased to 1µg L-1 (Hill, 2010) 
 
Another popular Se adsorption process is ferrihydrite adsorption where ferrihydrite is used as 
an absorbent. USEPA noted that this is the best available technology for Se removal. Ferrihydrite 
Se adsorption is a two steps process. In the first step, a ferric salt (e.g. ferric chloride, ferric sulfate) 
is added on the water with pH adjustment to form ferrihydrite solid (Fe2O3. 0.5 H2O) which is a 
poorly crystalline form of ferric hydroxide (Fe(OH)3). Eventually, ferrihydrite will form more 
crystalline ferrioxyhydrites (FeO(OH)) and ferrioxides (Fe2O3). Then in second step, adsorption of 
Se ions on ferrihydrite solid surface at neutral to alkaline pH (Hill, 2010). However, this technique 
is not appropriate for selenate removal (Hill, 2010; Twidwell et al., 1999). Because selenate tends 
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to remain readily exchangeable and formed weak complexes (Lussier et al. 2003) and competes 
with sulfate for adsorption sites (Ziemkiewicz et al., 2011). In contrast, selenite has a strong 
affinity to iron hydroxide surfaces, thus, 99% selenite removal can be achieved from the solution 
within pH range (3 to 8) (Persico and Brookins, 1988). One pilot study was conducted on 
ferrihydrite Se adsorption at the Kennecott Utah Copper Corporation’s Garfield Wetlands-Kessler 
Springs site by USEPA reported that after applying 4800 mg L-1 of iron in water effluent Se 
concentration decreased from 1950 µg Se L-1 (where 1870 µg L-1 of Se (VI) and 49 µg L-1 of Se(IV)) 
to 90 Se µg L-1 (Hill, 2010).  
 
In contrast to ferrihydrite adsorption, zero-valent iron (ZVI) is equally effective for selenate 
and selenite removal. Under the redox reaction mechanism, ZVI can reduce Se oxyanions in water 
and form insoluble Se by ZVI (Fe0), where Se oxyanions act as electron acceptors and ZVI act as 
both electron donor and catalyst (eq 1, 2) (Hill, 2010) 
3Fe (solid) + SeO42- + 8H+ → 3Fe2+ +Se0 +4H20     eq. 1 
2Fe (solid) + SeO32- + 8H+ → 2Fe2+ +Se0 +4H20     eq. 2 
 
In wastewater, ZVI forms a variety of ferrous and ferric iron products that will either reduce 
selenate to Se (O) then exist as a nanoparticle embedded in iron solids matrix or could form 
selenite only which could adsorb on ferrihydrite solids. At Barrick’s Richmond Hill Mine, ZVI was 
used to reduce selenate to selenite then precipitated as iron-selenium solids. The influent Se 
concentration was 100 µg L-1 that was reduced to 12-22 µg L-1 ((Hill, 2010; Sobolewski, 2005). ZVI 
performance can be significantly improved by adding catalyst (e.g. nickel and copper), which can 
improve (2-25) times more Se reduction (Hill, 2010).  
 
Ferrous hydroxide technology is a similar removal technique as ZVI, where combination of 
chemical reduction and adsorption are used. Selenate is reduced to selenite then physically 
adsorption to ferrihydrite (Hill, 2010). Ferrous hydroxide is widely used in industry but not as 
efficient as ZVI and operates under pH range (8-9) (Table 2) (Hill, 2010).  
 
Biological Se reduction technology could also decrease Se concentrations to desired level 




Table 2. Chemical Se removal technologies 
  
Technology Technique Employed Advantage Disadvantage Cost 
Ion Exchange Granular ion exchange 
resins are used to 
adsorb undesirable ions 
in water. 
• With proper resin and 
system design in 
optimum water 
chemistry. It can reduce 
Se below 5µg L-1. 
 
• Concentrate the Se 
reducing volume for 
treatment 
• Se exchanging capacity 
get greatly reduced by 
competing anions 
(sulfate, nitrate, etc) 
• A concentrated reagent 
stream requires 
treatment.  
• The total installation cost for 1 
million US gallons per day 
system is estimated at $ 28 
million (2010 USD) 
• Annual operation and 
maintenance cost for 1 million 
US gallons per day system is 





Adsorption of Se in 
ferrihydrite formed by 
the addition of ferric 
salt in water. 
• Established by EPA as 
best demonstrated 
technology for Se (IV) 
removal 
 
• Relatively simple, low 
cost, and widely used in 
the industry.  
• Se removal not proven to 
below 5µg L-1 
• Iron precipitation is Ph 
dependent pH (4-6) 
• Not able to remove Se 
(VI) species  
• The total installation cost for 1 
million US gallons per day 
system is estimated at $ 11 
million (2010 USD). 
• Annual operation and 
maintenance cost for 1 million 
US gallons per day system is 






    Continued Table 2. Chemical Se removal technologies 
  
Technology Technique Employed Advantage Disadvantage Cost 
Zero valent iron 
(ZVI) 
Reduction of oxidized Se 
and adsorption in Iron.. 
• The best technology in 
the lab to remove Se 
oxyanions. 
• Shows two mechanisms: 
green rust reduces Se 
(VI) to Se (IV) then 
ultimately Se(O), and 
ferrous iron reduction of 
Se (VI) to Se (IV). 
• Potential long residence 
time. 
• Used ZVI must be 
removed, disposed, or 
replaced. 
• It is temperature and pH 
dependent. 
• Not consistent with 
bringing down Se 
concentration below 5µg 
L-1 
• The total installation cost of the 
column and stirred based 
systems for 1 million US gallons 
per day system are estimated as 
$ 13 million and $11 million 
(2010 USD), respectively. 
• Annual operation and 
maintenance cost of both 
column and stirred based 
systems for 1 million US gallons 
per day system is estimated as $ 




The addition of copper 
and nickel in the ZVI 
system shows greater 
electrochemical 
potential between 
elemental iron and 
soluble Se.  
• Both Se oxyanions can 
be removed to low 
concentration (below 
5µgL-1) in the lab 
environment. 
 
• Potentially long residence 
time. 
• A potential issue in copper 
and nickel discharge. 
• Sludge disposal can be 
significantly costly. 
• The total installation cost for a 
300 US gallon per minutes 
systems was estimated at 
around $ 1 million (2001, USD) 
• Annual operation and 
maintenance cost for a 300 US 
gallon per minutes systems 
were estimated around $ 1.6 





Continued Table 2. Chemical Se removal technologies 
 
Technology Technique Employed Advantage Disadvantage Cost 
Ferrous 
Hydroxide 
Reduction of Selenate 
is done by ferrous iron 
addition then selenite 
physical adsorption or 
co-precipitation by 
ferrihydrite . 
• Widely used in 
industry. 
• Relatively simple 
and low cost. 
• Se removal not 
proven to below 
5µg L-1. 
• pH-dependent (8-9) 
• Not effective 
reduction from 
selenate to selenite 
as in ZVI . 
• The total installation cost 
for a 300 US gallon per 
minutes systems was 
estimated at around $ 15 
million (2000, USD). 
• Annual operation and 
maintenance cost for a 
300 US gallon per minutes 
systems were estimated 






Appendix A.3 Biological treatment for Se removal  
For Se biological treatment, two biological mechanisms are important: microbial Se-reduction 
and Se-methylation. Under microbial reduction mechanism, Se -oxyanions reduced into less toxic 
elemental Se by Se-reducing heterotrophic microorganism (Discussed in section 1.4.2), whereas, 
under Se-methylation mechanism, bacteria, algae and plant (Discussed in section 1.4.1 and 1.4. 
3) transform toxic Se oxyanions are reduced further and form volatile Se species (e.g. DMSe, 
DMDSe).  
 
Biological treatment relies on microbial growth and their metabolic process since microbes 
receive energy through electrons transfer from an electron donor (organic carbon sources) to an 
electron acceptor (e.g. oxygen, nitrate, Se-oxyanions, and sulfate). By controlling the environment 
in which microbes are grown, Se reduction can be enhanced. 
  
Se oxyanions reduction can be deterred at higher oxidative reduction potential (ORP) with 
significant oxygen and nitrate presence. Where Instead of Se-oxyanions, oxygen followed by 
nitrate used as an electron acceptor (Hill, 2010). But at lower ORP, both selenate and selenate 
can be reduced into Se(0) (Nancharaiah and Lens, 2015). Sulfate-reducing organisms could also 
operate in lower ORP without any significant interference in with Se reduction. Because, at high 
ORP Se (IV) reduction is faster, and sulfate reducers are belonging to entirely different groups of 
bacteria which do not use nitrate (NO32-), selenate, and selenite (Hill, 2010; Stolz and Oremland, 
1999). However, sulfate reducers compete for electron donors and produce hydrogen sulfate 
which is toxic for heterotrophic bacteria (Hill, 2010). Thus, a sufficient amount of accessible 
electron donors (carbon source) are also important in biological treatment since reducing 
microbes compete for electron donors in the environment (Hill, 2010).  
 
Biological treatment is also influenced by other environmental factors including pH, 
temperature, and salinity. Se reduction depends on optimum pH range (5.5-9.5), where selenite 
reduction occurs within (6.5-9.5), and selenate reduction occurs within range (6.5-9.5), That’s why 
neutral pH is maintained in Bioreactors (Hill, 2010; Lortie et al., 1992).  
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Temperature also affects biological reaction kinetics. Generally, in the biological wastewater 
treatment plant, mesophilic temperature (15-42)0C is maintained. In general, temperature above 
30oC and below 15oC could hamper Se reduction rate (Hill, 2010; Wan et al., 2001).  
 
Lastly, high salinity also decreases selenate reduction (Hill, 2010; Zhang et al., 2003). A Se-
reducing bacterium, Enterobacter taylorae showed a negative relationship between Se reduction 
efficiency and high salinity (50-75 ds/m). At 5 ds/m salinity (major anions sulfate and chloride) it 
shows 95% reduction efficiency, but at 75 ds/m salinity, it shows only 16.7% reduction efficiency. 
Since selenate uptake is controlled by sulfate transporter.  
 
In advanced biological metal removal (ABMeT) system, a molasses-based (carbon source) 
reduction system where heterotrophic facultative bacteria are used capable of reducing nitrate 
and Se-oxyanions. Under the reducing environment, granular activated carbons (GAC) are used 
as a medium for biofilm development. Although this system shows good results in Se reduction 
(<5 mg L-1), effluent pretreatment and nutrient costs are high (Table 3)(Hill, 2010).  
 
Fluidized bed reactors are another microbial reduction system very similar to the ABMeT 
system, where Se containing wastewater pass through solid media (sand, granular activated 
carbon) at velocity. In this technique, excessive nitrates are produced, therefore, a high amount 
of nutrients (carbon source) are required to reduce Se oxyanions. Other microbial reduction 
technologies are passive biochemical reduction, enhanced in situ microbial reductions, and algal 
bacterial reduction (Table 3). Although these technologies have low maintenance and operational 
cost, but there is an uncertainty of Se reduction at < 5 µg L-1 level (Hill, 2010). 
 
Algal volatilization operates under the Se-methylation by algae (Discussed in section 1.8), 
which is also a low-cost and high retention time technique (Hill, 2010). Constructed wetland and 
permeable reactive barriers technique that combines both chemical and biological methods 
together. Biological and ZVI reduction with iron and aluminum oxyhydroxides sequestration are 
employed together. The constructed wetland has low maintenance costs but needs high retention 












Attached growth of Se 
reducer microbes in 
granular activated 
carbon. 
• Commercially available and 
demonstrated in large 
scale. 
• Naturally occurring 
microbes and molasses-
based nutrients are used. 
• Se concentration below 5 
µg L-1 is achievable.  
• The potential need for 
pretreatment to remove 
suspended solids. 
• The backwash of water 
needed to slough of 
excess microbial growth. 
• Media replace will be 
required over the life of 
the system 
• Total installation cost for 1 million 
US gallons per day system is 
estimated at $30 million (2010 
USD). 
 
• Annual operation and 
maintenance cost for 1 million US 
gallons per day system is 





A fluidized bed reactor 
where water containing 
Se pass through solid 
media (sand, granular 
activated carbon) at 
enough high velocity to 
suspend and fluidize 
media of completely 
mixed reactor.  
• No backwash is needed.  




• No pretreatment requires 
for suspended solid. 
 
• Excessive amounts of 
nitrates presence require 
a propositional amount of 
carbon or energy source. 
• Wasted biomass sludge 
contains elemental Se 
that might be hazardous 
depending on TCLP result.  
• Se concentration below 
5µgL-1 was not 
demonstrated. 
 
• The total installation cost for 1 
million US gallons per day system 
is estimated as $11 million (2010 
USD) 
• Annual operation and 
maintenance cost for 1 million US 
gallons per day system is 







Continued Table 3. Biological Se removal technologies 
    
  
Technology Technique Employed Advantage Disadvantage Cost 
Constructed 
wetland 
Engineered wetland where 
soil, rock, and other civil 
structures promote 
appropriate microbes and 
plant to promote natural 
Se transformation and 
immobilization 
• Minimal observation is 
required. 
• Able to treat a large volume 
of wastewater. 
• Se removal efficiency (0-90) 
• Potential long residence 
time 




• Potential groundwater 
contamination 
• The total installation cost for 1 
million US gallons per day system 
is estimated at $17 million (2010 
USD). 
• Annual operation and 
maintenance cost for 1 million US 
gallons per day system is 






An excavated line area filled 
with organic substrates  
• Low capital and operation 
and maintenance cost.  
• The process can operate 
passively without external 
energy 
• Re-mobilization of Se can 
occur. 
• Large surface area required. 
• Uncertainty presence in 
achieving low 5µg L-1. 
• Organic need to replace 
over time  
• Total installation cost at Montana 
gold mine was about $2 million 
(2007) US and Plan to treat a total 
of 20 US gpm with annual 
operating costs $ 0.95 per 





Continued Table 3. Biological Se removal technologies 
 




Similar to in situ 
treatment, where 
shallow groundwater  
(50 to 70 feet) is 
remediate by reactive 
media consist of ZVI, 
microbes, sorbents, and 
nutrients.  
• Lower cost and lower 
maintenance 
• Use as a source control 
treatment. 
 
• Finite in a life span 
• It could be clogged due to 
precipitation of secondary 
metals.  
• Se concentration below 








Reduction of Se oxyanion 
to elemental Se by 
microorganism with the 
help of organic carbon, 
and nutrients 
• Lower cost alternative 
remediation for the large 
volume of water 
• Lower cost in 
maintenance. 
• Se concentration below 
5µg L-1 is achievable. 
 
• Long retention time 
required. 
• Anoxic water may require 
aeration before treatment 







stimulated by the 
addition of algae as a 
food source. 
• Low-cost treatment 
• Can be applied as in situ 
treatment 
• Requires excessive 
nutrient that could cause 
eutrophication. 
• Season sensitive: depends 
on temperature and 
sunlight duration. 
 
• $0.0008 for per US gallons but it 
can get increase depending on 
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